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ABSTRACT 

Organochlorine pesticides (OCPs), such as hexachlorocyclohexane (HCH) were extensively 

used across the globe for agricultural and public health purposes due to their effectiveness, 

relatively low cost, and ease of use. Their use was however restricted or banned in most 

countries across the world owing to their toxicity to non-target organisms, persistence in the 

environment, and ability to bio-accumulate in the food chain. Despite the restricted use or 

complete ban, HCH continues to pose serious environmental and health risks. However, the 

use of naturally existing microorganisms for the bioremediation of hazardous compounds and 

their detoxification has been proposed as a viable strategy to maintain environmental health. 

Therefore, the present study was aimed to (i) isolate fungal-bacterial couple from HCH-

contaminated soil, (ii) test whether fungal mycelia can act as effective transport networks for 

HCH isomers, and (iii) test the effect of mycelial-mediated nutrient transfer to HCH degrading 

bacteria on the biodegradation of HCH isomers. Culture-dependent approaches were applied 

to isolate and characterize two HCH-degrading bacterial species and a fungal species from 

HCH-contaminated soil collected from a former obsolete pesticide store in Kitengela, Kenya 

(GPS: 01.49 S, 37.048E). Using a combination of the 16S gene, ITS gene, and whole genome 

sequencing the two bacteria were identified as, Sphingobium sp. strain S6 and S8 respectively, 

while the fungus was identified as F. equiseti strain K3. Both bacterial isolates were shown to 

effectively degrade all four HCH isomers. The degradation rates of γ-HCH were higher than 

those of α- and δ-HCH (p < 0.041) while no significant difference (p > 0.12) in the degradation 

rates of α- and δ-HCH was observed in both Sphingobium strains, while β-HCH had the lowest 

removal rate. Therefore, the removal rates of HCH isomers in both bacteria were in the order γ 

> α ≈ δ > β. Subsequently, lin genes responsible for HCH degradation, identical to those found 

in other HCH degrading sphingomonads were identified by gene sequencing and from their 4.1 

Mb draft genomes consisting of 4,015 and 4,039 protein-coding sequences (CDS) for 

Sphingobium sp. strain S6 and Sphingobium sp. strain S8 respectively. The fungal isolate, on 

the other hand, poorly degraded HCH isomers in the order β > α > δ > γ. ANOVA revealed 

statistically significant differences in the degradation of the HCH isomers (p < 0.0039). To test 

the effectiveness of mycelia as transport vectors for HCH isomers, a laboratory-based 

microcosm system designed to mimic air-water interfaces in soil was used while the F. equiseti 

species was used as a model organism. The fungus transported 0.09 – 0.6 µg of different HCH 

isomers in the order γ > α > δ ≈ β over a 3cm distance and the isomer-specific translocation 

was likely influenced by their octanol-air partition coefficients (log KOA).  To test the effect of 
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mycelial-mediated nutrient transfer to HCH-degrading bacteria on HCH biotransformation in 

a nutrient-deprived environment, the poorly HCH-degrading fungus (Fusarium equiseti strain 

K3) and the HCH-degrading bacterium (Sphingobium sp. strain S8) were used in a spatially 

structured laboratory-based model ecosystem. Subsequently, a combination of 13C-labelled 

fungal biomass and protein-based stable isotope probing (protein-SIP) was used to trace the 

incorporation of 13C fungal metabolites into bacterial proteins while simultaneously 

determining the biotransformation of the HCH isomers. Relative isotope abundance (RIA, 7.1 

– 14.2%), labeling ratio (LR, 0.13 – 0.35), and the shape of isotopic mass distribution profiles 

of bacterial peptides indicated the transfer of 13C-labeled fungal metabolites into bacterial 

proteins. The distinct 13C incorporation into the haloalkane dehalogenase (linB) and 2,5-

dichloro-2,5-cyclohexadiene-1,4-diol dehydrogenase (LinC), key enzymes in metabolic HCH 

degradation, underpinned the role of mycelial nutrient transfer in co-metabolic bacterial HCH 

degradation in heterogeneous habitats. Bacterial nutrient uptake from mycelia increased HCH 

removal by twofold as compared to bacterial monocultures. The findings from this study forms 

an important basis for the development of efficient bioremediation strategies in which either 

natural or artificial HCH degrading fungal-bacterial couple can be introduced into 

contaminated sites by bio-augmentation to improve biotransformation of micropollutants such 

as HCH. 
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CHAPTER ONE  

1.0 INTRODUCTION 

1.1. Background of the study 

The organochlorine pesticide hexaclorocyclohexane (HCH) is a polychlorinated, saturated 

cyclic hydrocarbon consisting of a cyclohexane ring to which hydrogen and chlorine atoms are 

connected to every carbon (Kumari et al., 2002; Lal et al., 2006; Nayyar & Lal, 2016; Prakash 

et al., 2004). HCH was extensively produced and used from the early 1950s to the late1980s 

against agricultural pests and for public health programs under the commercial name “Lindane” 

(Nayyar & Lal, 2016; Vijgen et al., 2019). For agricultural purposes, Lindane was used as an 

insecticide for crop and seed treatment, timber, and lumber treatment, and against ectoparasites 

in cattle and other farm animals (Girish & Kunhi, 2013). In public health programs, Lindane 

was used in the control of insect-borne disease programs and as a prescription drug for the 

treatment of scabies and human infections of head lice (Girish & Kunhi, 2013; Humphreys et 

al., 2008).  

Lindane was named after the Dutch scientist, Dr. Teunis van der Lindan who discovered its 

insecticidal properties in 1912 (Girish & Kunhi, 2013). The commercial production of HCH 

was started in 1945 (Girish & Kunhi, 2013; Kumar & Pannu, 2018) in a process that involves 

the chlorination of Benzene in presence of ultra-violet (UV) light resulting in a mixture of five 

stable isomeric forms in different proportions as follows: α-HCH (60-70%), β-HCH (5-12%), 

γ-HCH (10-12%), δ-HCH (6-10%) and ε-HCH (3- 4%) (Figure 2.1) (Lal et al., 2010; Nayyar 

et al., 2014). The HCH isomeric forms differ from each other by the spatial arrangement of the 

chlorine atom on the cyclohexane ring, which determines their stability and hence persistence 

in the environment (Girish & Kunhi, 2013; Lal et al., 2006; Nayyar et al., 2014). Among the 

HCH isomers, however, only the γ- isomer (also referred to as Lindane) has insecticidal activity 

(Kumar & Pannu, 2018; Lal et al., 2010; Nayyar et al., 2014; Slade, 1945). HCH isomeric 

mixture is therefore subjected to fractional crystallization and concentration to purify γ-HCH 

isomer to at least 99% purity while the other isomers are discarded as HCH muck (Kumar & 

Pannu, 2018; Nayyar et al., 2014). Lindane production is, therefore, an inefficient process such 

that for each ton of γ-HCH isomer (lindane) produced approximately 8 to 12 tons of HCH muck 

(containing α-, β-, γ-, δ- and ε- isomers)  are obtained (Girish & Kunhi, 2013; Kumar & Pannu, 

2018; Nayyar et al., 2014; Vijgen, 2006). 
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Hexachlorocyclohexane was marketed in two formulations namely; technical HCH (t-HCH, 

which consists of all the five stable isomers) and lindane (which consists of >99% pure γ-HCH) 

(Alvarez et al., 2012). Though only γ-HCH exhibits insecticidal properties (Lal et al., 2010; 

Slade, 1945), technical HCH was mostly used as an inexpensive but effective insecticide in 

developing countries, while lindane was commonly used in the developed countries (Lal et al., 

2010). The large-scale manufacture of lindane in the developed countries coupled with the 

indiscriminate use of technical HCH in the developing countries over the past 60 years has 

created a severe environmental contamination problem on a global scale (Lal et al., 2010; 

Nayyar et al., 2014). Previous studies estimate the global use of lindane for agricultural 

purposes at around 450,000 tons and the total global use at about 600,000 tons for the period 

between 1950 and 2000 (Girish & Kunhi, 2013; Vijgen, 2006). Due to its production 

inefficiencies, possible HCH residuals (assuming a factor of 8 for each ton of lindane produced) 

are estimated at 4.8 million tons worldwide,  creating a severe environmental problem (Vijgen 

et al., 2019; Vijgen, 2006). The other major concern has been the open stockpiles of HCH 

waste, the lack of proper management and disposal of HCH waste, and the continuous shifting 

of HCH muck from the dumpsites (Nayyar & Lal, 2016; Vijgen et al., 2019).  

The use of HCH was however restricted or banned in the 1970s and 1990s in developed 

countries due to its persistence in the environment, its potential to elicit toxic effects in higher 

animals, and ability to bioaccumulate in the food chain (Alvarez et al., 2012; Camacho-Pérez 

et al., 2012; Girish & Kunhi, 2013; Mansour, 2009). The persistence of HCH in soil, coupled 

with other natural processes such as evaporation into the atmosphere and surface runoffs caused 

by rain resulted in their ubiquitous distribution in the environment (Mansour, 2009). These 

factors have made HCH isomers to be classified among persistent organic pollutants (POPs) 

under the Stockholm Convention (SC) on POPs (Camacho-Pérez et al., 2012; Lal & Saxena, 

1982; Mansour, 2009). Despite the restricted use or complete ban in most countries, HCH 

continues to pose a serious environmental risk and health concerns, particularly in highly 

contaminated former production or dumping sites, especially in developing countries (Boltner 

et al., 2005; Lal et al., 2010). The problem is further compounded by the biotransformation and 

bioaccumulation of HCH residues through the food chain and food web including humans 

(Nayyar & Lal, 2016). 

Microbial biodegradation of hazardous compounds and their detoxification has therefore been 

proposed as one promising strategy to remediate contaminated sites and maintain 

environmental health (Alvarez et al., 2012; Kumar & Pannu, 2018; Pant et al., 2013). 
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Biodegradation of HCH has been reported for both fungi (Fuentes, Benimeli, Cuozzo, Sáez, et 

al., 2010; Guillén-Jiménez et al., 2012; Phillips et al., 2005; Singh & Kuhad, 1999, 2000) and 

bacteria (Boltner et al., 2005; Lal et al., 2006, 2010; Nayyar & Lal, 2016) under aerobic and 

anaerobic conditions (Kumar & Pannu, 2018; Saez et al., 2017). Clostridium species (including 

C. rectum and C. sphenoides) (Haider, 1979; Heritage & Rae, 1977; Ohisa et al., 1980) and 

some representatives of Enterobacteriaceae and Bacillaceae (Francis et al., 1975; Haider, 

1979) have been demonstrated to degrade γ-HCH under anaerobic conditions. On the other 

hand, aerobic degradation of HCH isomers has been reported in bacteria belonging to the 

family Sphingomonadaceae (Boltner et al., 2005; Lal et al., 2006, 2010) and some white-rot 

fungi, including Phanerochaete chrysosporium, Phanerochaete sordida, Cyathus bulleri and 

Trametes hirsutus (Singh & Kuhad, 1999, 2000). 

Despite the diverse number of known HCH degraders, members of the family 

Sphingomonadaceae have been shown to completely mineralize HCH and therefore play a 

crucial role in aerobic HCH degradation (Lal et al., 2006). Close to thirty HCH-degrading 

sphingomonads have been reported from different parts of the world, including; Spain (Mohn 

et al., 2006), Germany (Boltner et al., 2005), France (Cérémonie et al., 2006), India (Bala et 

al., 2010; Nayyar & Lal, 2016; Sahu et al., 1990), Japan (Ito et al., 2007; Senoo & Wada, 1989) 

Czech Republic (Niharika et al., 2013) and China (Mohn et al., 2006). Among the numerous 

HCH-degrading sphingomonads reported,  three distinct species, namely, Sphingobium 

japonicum UT26 (Japan) (Senoo & Wada, 1989), Sphingobium indicum B90A (India) (Sahu et 

al., 1990) and Sphingobium francense Sp+ (France) (Cérémonie et al., 2006) have extensively 

been studied. In addition, the HCH degradation pathway and the catabolic genes (referred to as 

lin genes), necessary for aerobic degradation of HCH that were initially identified and 

characterized for S. japonicum UT26 (Nagata et al., 1999) have been identified for all the other 

HCH-degrading sphingomonads reported from different geographical locations across the 

world (Boltner et al., 2005; Lal et al., 2006; Mohn et al., 2006). These bacteria may therefore 

play a key role in the development of HCH bioremediation technologies. 

Though a large number of bacteria with HCH degrading capacity have been isolated and 

characterized (Zhang et al., 2020), their application in bioremediation is limited by several 

physical, environmental and biological factors such as temperature, pH, the concentration of 

biomass, initial HCH concentration and its bioavailability (Saez et al., 2017; Zhang et al., 

2020). This is compounded by the tendency of many organic contaminants to adsorb to surfaces 

and accumulate in organic matter, leading to a decline in their bioavailability (Furuno et al., 
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2010, 2012; Harms et al., 2011). Such accumulation normally occurs in inhospitable, toxic 

environments that lack water and nutrients needed to support the growth of potential bacterial 

degraders (Harms et al., 2011). Previous reports suggest that ideal bioremediation machinery 

should possess special properties including (i) the ability to cope with harsh environmental 

conditions and track contamination even in pores and organic matter, (ii) a catabolic capacity 

that does not rely on the availability of the pollutant as a substrate for growth, and  (iii) the 

ability to transport nutrients, water, and metabolically active organisms to contaminated spots 

(Harms et al., 2011). 

Unlike most bacteria, mycelial fungi have been demonstrated to possess higher resistance to 

nutrient and water limitations (Worrich et al., 2017) due to their ability to extend mycelial 

structures that can efficiently translocate nutrients and water between sources to sink regions 

(Harms et al., 2011; Worrich et al., 2017). In addition, mycelial structures have been shown to 

act as transport vectors for pollutants and pollutant-degrading bacteria, and therefore influence 

the biodegradation of organic pollutants in soil (Wick et al., 2010). These fungal properties, 

coupled to the non-specific transformation of hydrophobic organic contaminants by fungal 

catabolic exo-enzymes may render xenobiotic compounds more water-soluble increasing their 

accessibility to the catabolic interacting bacteria (Harms et al., 2011; Wick et al., 2010). 

Fungal-bacterial co-cultures have been shown to display most of the features of ideal 

bioremediation machinery (Espinosa-Ortiz et al., 2021; Harms et al., 2011). To this end, 

improved biodegradation of certain pollutants has been reported when combined fungal-

bacterial treatments were used compared to pure cultures or communities of either of them 

(Espinosa-Ortiz et al., 2021). This study, therefore, focused on the isolation and 

characterization of fungal-bacterial couple from HCH-contaminated Kenyan soil, assessed the 

extent of fungal-mediated transport of HCH in porous media, and finally the effect of mycelial 

nutrient transfer on co-metabolic degradation of HCH by bacteria. 

1.2. Problem statement 

The use of technical HCH, lindane, and other organochlorine pesticides (OCPs) was severely 

restricted or completely banned between the 1970s and 1990s in most countries due to their 

persistence in the environment, their ability to bioaccumulate in the food chain, and their 

toxicity effects to non-target higher organisms (Girish & Kunhi, 2013; Mansour, 2009; Nayyar 

et al., 2014). Despite the restricted use or complete ban, HCH continues to pose a serious 

environmental risk and health concerns partly due to high levels of contamination at former 

production sites, (Vijgen et al., 2019; Vijgen, 2006) unsustainable disposal methods (Nayyar 
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& Lal, 2016; Vijgen, 2006) and accumulation of stockpiles following the ban particularly in 

the developing countries (Boltner et al., 2005; Lal et al., 2010; Mansour, 2009).   

According to Africa Stockpiles Programme (ASP), Africa is estimated to have accumulated at 

least 50,000 tons of obsolete pesticides in addition to thousands of tons of contaminated soil 

over several decades of use (Mansour, 2009). Some African countries including; Ethiopia, 

Mali, Morocco, Botswana, South Africa, and Tanzania were estimated to have more than 1000 

tons of obsolete pesticide stocks (Elfvendahl et al., 2004; Mansour, 2009). Groundwater and 

soil contaminated by pesticides near pesticide dump sites and obsolete pesticide stores have 

also been reported in several developing countries (Mansour, 2009).  

In Kenya for instance, the use of dichlorodiphenyl trichloroethane (DDT) was banned in 1985 

while that of aldrin, dieldrin, and lindane were banned in 1992 (Wandiga, 2001). However, 

HCH residues have recently been detected in air and soil samples in Nairobi (Aucha et al., 

2017), water and sediments from Rusinga island in lake Victoria (Osoro, 2016), and in 

agricultural soil in Meru county (Marete et al., 2019), showing the extent of contamination in 

Kenya. Traditional methods that have been used for the removal of these pollutants and 

remediation of contaminated sites include transport of the contaminants to specialized landfills, 

excavation, incineration, chemical or microwave-induced oxidation, and in situ vitrification 

(Alvarez et al., 2012; Kumar & Pannu, 2018). The use of these conventional remediation 

methods is however considered unsustainable and has therefore raised environmental concerns 

due to the release of toxic intermediates and the spread of contamination to new sites (Kumar 

& Pannu, 2018; Mansour, 2009). There is therefore a strong need to develop minimally 

hazardous and environmentally friendly approaches that can be used for the remediation of 

HCH-contaminated sites. 

1.3. Justification 

Microbial biodegradation of hazardous compounds and their detoxification has been proposed 

as one of the promising strategies to remediate contaminated sites and maintain environmental 

health (Alvarez et al., 2012; Kumar & Pannu, 2018; Pant et al., 2013). Microbial degradation 

of xenobiotic compounds is considered to be effective, minimally hazardous, and 

environmentally friendly (Kumar & Pannu, 2018; Pant et al., 2013). Though lindane and other 

HCH isomers were only released to the environment in the 1940s, certain microorganisms 

including both bacteria and fungi have acquired the capacity to biodegrade and mineralize these 

compounds (Saez et al., 2017). In that regard, HCH-degrading microorganisms may therefore 
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be used as models to decipher their evolution and adaptation to HCH degradation and as a 

biotechnological tool for the bioremediation of contaminated environments (Saez et al., 2017).  

Though a large number of HCH-degrading bacteria have been reported, sphingomonads stand 

out as the group of choice for further research on strain development for bioremediation 

purposes, due to the extensive availability of information regarding their HCH-degrading 

metabolic pathways (Alvarez et al., 2012). Most research in the context of microbial HCH 

degradation has been achieved with pure cultures which have allowed for detailed studies by 

which the pesticide is metabolized to be elucidated, genes involved in the pesticide degradation 

pathway to be characterized, and the degradation products to be isolated and identified 

(Aislabie & Lloyd-Jones, 1995; Camacho-Pérez et al., 2012; Lal et al., 2006, 2010). Further 

studies on the characterization of HCH catabolic enzymes (lin enzymes) are however needed 

to develop more robust bioremediation technologies (Alvarez et al., 2012; Nayyar et al., 2014). 

The availability of a genome inventory for HCH-degrading sphingomonads has also opened a 

window for comparative genomics analysis of the architecture and content of their genomes 

(Nayyar & Lal, 2016).  

In the natural environment, however, microorganisms do not exist in anexic conditions, but 

rather as part of complex microbial communities (Espinosa-Ortiz et al., 2021). Therefore, the 

use of single cultures for bioremediation has numerous metabolic limitations which can easily 

be alleviated by the use of mixed cultures or microbial co-cultures including fungi and bacteria 

(Espinosa-Ortiz et al., 2021; Saez et al., 2017; Zhang et al., 2020). In microbial co-culture 

systems, bacteria and fungi would potentially combine the catalytic specialties from both 

species/strains to efficiently metabolize pesticide contaminants and increase resistance to 

constantly fluctuating environmental conditions (Espinosa-Ortiz et al., 2021; Saez et al., 2017). 

Improved biodegradation of certain pollutants has been reported, when combined fungal-

bacterial treatments were used compared to pure cultures or communities of either of them 

(Espinosa-Ortiz et al., 2021), hence the growing interest in engineering artificial fungal-

bacterial consortia for the development of more robust bioremediation technologies. 
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1.4. General objective 

To isolate and characterize hexachlorocyclohexane (HCH) degrading fungal-bacterial couple 

from contaminated soil and to assess the role of fungal mycelia as transport networks for HCH 

and as a source of carbon substrates to HCH degrading bacteria for improved HCH degradation 

respectively. 

1.4.1. Specific objectives 

i. To isolate HCH degrading fungal-bacterial couple from Kenyan contaminated soil, 

assess their HCH degrading capacities, and characterize the genes involved in HCH 

degradation. 

ii. To assess and quantify the effectiveness of fungal mycelium as a HCH transport 

network as a means to increase their bioavailability and bioaccessibility. 

iii. To assess the effectiveness of fungal-bacterial co-cultures in the biodegradation of 

HCH by quantifying nutrient transfer from fungal mycelia to co-metabolic HCH 

degrading bacteria. 

1.5. Research hypothesis 

i. Hypothesis 1: HCH catabolic genes (lin genes) among different HCH degrading 

bacteria vary in sequence homology. 

ii. Hypothesis 2: Fungal mycelia improve HCH biodegradation efficiency by increasing 

its accessibility and bioavailability to HCH-degrading bacteria through hyphal HCH 

transport. 

iii. Hypothesis 3: Fungal mycelia increase HCH biodegradation by providing carbon-

substrates to co-metabolically HCH-degrading bacteria. 

1.6. Research questions 

i. Do HCH catabolic genes (lin genes) among different HCH degrading bacteria vary in 

sequence their homology? 

ii. Can fungal mycelia act as effective transport networks for HCH isomers? 

iii. Can fungal mycelia increase HCH biodegradation by providing C-substrates to co-

metabolically HCH-degrading bacteria? 
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CHAPTER TWO  

2.0 LITERATURE REVIEW 

2.1. Organochlorine pesticides (OCPs) 

Organochlorine pesticides (OCPs) are among the halogenated organic compounds that were 

extensively used across the globe for agricultural activities and public health purposes due to 

their effectiveness, ease of use, and relatively low production cost (Girish & Kunhi, 2013; Pant 

et al., 2013; Porto et al., 2011). OCPs were first introduced in the 1940s and 1950s and were 

frequently used to curb human and animal diseases that are transmitted by insects and mites, 

and against insect pests that damage crops (Lal & Saxena, 1982; Muchiri et al., 2002; Pant et 

al., 2013). This class of pesticides includes halogenated hydrocarbons such as (i) chlorinated 

hydrocarbons (which include: chlordecone, dodecachlorine, and toxaphene); (ii) chlorinated 

derivatives of diphenyl ethane (which include: dichlorodiphenyl trichloroethane-DDT and its 

respective metabolites, dichlorodiphenyldichloroethane-DDD, 

dichlorodiphenyldichloroethylene-DDE, and methoxychlor); (iii) cyclodiene (which include: 

aldrin, chlordane, dieldrin, endrin, heptachlor, heptachlor-epoxide and nonachlor); (iv) 

hexachlorobenzene (HCB) and (v)  hexachlorocyclohexane (HCH) (which include: α-, β-, γ-,  

δ- and ε-HCH or lindane) (Figure 2.1) (Porto et al., 2011).  

Organochlorine pesticides persist in the environment, a property that made them attractive 

pesticides because, a single application could be effective for months (Mansour, 2009). The 

use of OCPs was however banned or restricted in the 1970s and 1990s in most countries due 

to their persistence in the environment, toxicity to non-target higher animals, and ability to 

bioaccumulate in the food chain (Alvarez et al., 2012; Girish & Kunhi, 2013; Mansour, 2009). 

They were therefore classified among the persistent organic pollutants (POPs) under the 

Stockholm Convention (SC) on POPs (Mansour, 2009; Vijgen et al., 2011, 2018; Vijgen, 

2006). In Kenya for instance, the use of DDT was banned in 1985 while that of aldrin, dieldrin, 

and lindane were banned in 1992 (Wandiga, 2001). 

Despite the complete ban or restricted use in most countries, OCPs continue to pose a serious 

environmental risk, particularly in areas with high levels of contamination such as former 

production sites and dumping sites of stockpiles following the ban (Boltner et al., 2005; Lal et 

al., 2010; Mansour, 2009). According to Africa Stockpile Programme (ASP), Africa is 

estimated to have accumulated a stockpile of at least 50,000 tons of obsolete pesticides in 

addition to thousands of tons of contaminated soil (Mansour, 2009). African countries such as 
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Botswana, Ethiopia, Mali, Morocco, South Africa, and Tanzania were estimated to possess 

more than 1000 tons of obsolete OCP stockpiles. Contaminated groundwater and soil near 

dump sites and obsolete pesticide stores have also been reported in several developing countries 

(Elfvendahl et al., 2004; Mansour, 2009). 

2.2. Hexachlorocyclohexane (HCH), production and properties 

Commercial production of HCH was started in the 1940s (Girish & Kunhi, 2013; Kumar & 

Pannu, 2018), in a process that involves photochlorination of benzene in presence of UV light, 

resulting to a mixture of different proportions of five stable isomeric forms including, α-HCH 

(60-70%), β-HCH (5-12%), γ-HCH (10-12%), δ-HCH (6-10%) and ε-HCH (3- 4%) (Girish & 

Kunhi, 2013; Lal et al., 2010; Nayyar et al., 2014; Nayyar & Lal, 2016). The γ-HCH isomer 

(the only isomer that possesses insecticidal activity) was purified from the mixture, also called 

“technical HCH (t-HCH)” and marketed as lindane, while the rest of the isomers including, α-

, β-, δ- and ε-isomers were discarded as ‘HCH muck’ (Lal et al., 2010; Nayyar et al., 2014; 

Nayyar & Lal, 2016). The HCH isomeric forms differ from each other by the spatial position 

and arrangement of chlorine atoms on the cyclohexane ring, which determine their stability, 

persistence, toxicity, and other physical properties (Table 2.1) (Lal et al., 2006, 2010; Nayyar 

et al., 2014; Phillips et al., 2005).  
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Figure 2.1:  Structures of different organochlorine pesticides (adapted from Porto et al., 2011). 

The γ-isomer has three axial and three equatorial (aaaeee) chlorine atoms, the α-isomer has two 

axial and four equatorial (aaeeee) chlorine atoms, while the δ-isomer has one axial and five 

equatorial (aeeeee) chlorine atoms (Table 2.1) (Nayyar et al., 2014; Phillips et al., 2005). It has 

previously been proposed that the presence of axial chlorine atoms provides suitable sites for 

enzymatic degradation (Okai et al., 2010; Phillips et al., 2005). Previous observations, 

therefore, indicate that α- and γ-HCH isomers are more easily biodegradable than the δ-isomer 

which has more chlorine atoms in the equatorial position (Phillips et al., 2005). In contrast, β-

HCH isomer has all its chlorine atoms oriented in the equatorial position (eeeeee), making it 

the most structurally stable isomer and hence recalcitrant and resistant to microbial degradation 

(Nayyar et al., 2014; Phillips et al., 2005).  

The properties of HCH isomers, therefore, influence their volatilization and transport in the 

atmosphere, distribution, and environmental fate (Nayyar & Lal, 2016; Phillips et al., 2005). 
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The main risks associated with HCH are, (i) the purification of the insecticidal γ-isomer from 

the technical mixture, which has led to the accumulation of stockpiles of HCH muck at former 

production sites (Lal et al., 2010; Nayyar & Lal, 2016) and (ii) the use of the technical mixture 

for agricultural and public health purposes, particularly in the developing countries that has led 

to the spread of environmental pollution (Nayyar et al., 2014; Nayyar & Lal, 2016). 

Table 2.1: Physiochemical characteristics of the four stable HCH isomers (adapted from 

ATSDR, 2002; Phillips et al., 2005; Nayyar et al., 2014; and Shoeib & Harner, 2002). 

Property α-HCH β-HCH γ-HCH δ-HCH 

Conformation aaeeee eeeeee aaaeee aeeeee 

Molecular weight 290.83 290.83 290.83 290.83 

Melting point (⁰C) 159 – 160 314 – 315 112.5 141 – 142 

Boiling point 

288⁰C at 760 

mmHg 

60⁰C at 0.5 

mmHg 

323.4⁰C at 760 

mmHg 

60⁰C at 0.36 

mmHg 

Density (g/cm3) 1.87 at 20⁰C 1.89 at 19⁰C 1.89 at 19⁰C NDA 

Solubility in water (ppm) 10  5  17  10  

Solubility in organic solvents (g): 

   Ethanol (per 100g) 1.8 1.1 6.4 24.4 

   Ether (per 100g) 6.2 1.8 20.8 35.4 

   Benzene (per 100g) NDA 1.9 28.9 41.4 

Partition coefficients: 

   log KOW 3.8 3.78 3.72 4.14 

   log KOC 3.57 3.57 3.57 3.8 

   log KOA 7.61 8.88 7.85 8.84 

Henry's law constant 6.86 x 10-6 4.5 x 10-7 3.5 x 10-6 2.1 x 10-7 

Vapour pressure (mmHg) 4.5 x 10-5 at 25⁰C 3.6 x 10-7 at 20⁰C 4.2 x 10-5 at 20⁰C 3.5 x 10-5 at 25⁰C 

a = axial; e = equatorial; NDA = No data available 

 

2.3. The use and global distribution of hexachlorocyclohexane  

Lindane was mainly used for agricultural and public health purposes to control insect pests and 

insect-borne diseases (Girish & Kunhi, 2013; Humphreys et al., 2008). Previous reports 

estimate the global use of lindane for agricultural purposes at 450,000 tons, while its use on 

livestock, forestry applications, and pharmaceutical purposes is estimated at 150,000 tons 

resulting to a total global production estimate of 600,000 tons for the period between 1950 and 

2010 (Nayyar & Lal, 2016; Vijgen et al., 2011; Vijgen, 2006). Since lindane production is a 

highly inefficient process, HCH muck (assuming a factor of 8-12 tons for each ton of lindane 

produced in the purification process) is estimated at between 4.8 to 7.2 million tons worldwide 

(Nayyar et al., 2014; Vijgen et al., 2011; Vijgen, 2006). 
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Hexachlorocyclohexane has emerged as a critical environmental contaminant in the past few 

decades. The indiscriminate and unregulated disposal of the HCH muck, has resulted to the 

accumulation of HCH stockpiles and dumpsites (Nayyar et al., 2014). Heavily contaminated 

dumpsites (over 50,000 tons of HCH stockpiles) have been reported in different countries 

across the world including: Brazil (Österreicher-Cunha et al., 2003), Canada (Phillips et al., 

2006; Shen et al., 2004), China (Zhu et al., 2005), France (Cérémonie et al., 2006), Germany 

(Jürgens & Roth, 1989; Popp et al., 2000; Sievers & Friesel, 1989), Greece (Golfinopoulos et 

al., 2003), India (Prakash et al., 2004; Singh et al., 2007), Japan (Senoo & Wada, 1989), Spain 

(Concha-Graña et al., 2006; Rubinos et al., 2007) and United States (Phillips et al., 2006). 

Many other countries with unknown levels of contamination have also been reported (Vijgen 

et al., 2011) (Figure 2.2). 

 

Figure 2.2: Reported estimates of the quantities (in tons) of HCH muck stockpiles in HCH 

dumpsites present in different selected countries around the world (adapted from Vijgen et al., 

2011). 

2.4. Levels of HCH contamination in Kenya 

Organochlorine pesticides were extensively used for the control of maize and cotton pests in 

Kenya (Wandiga, 2001). Aldrin, dieldrin, endrin, heptachlor, and lindane were widely used as 

pesticides for seed dressing, resulting in the ubiquitous presence of these pesticides in the 

Kenyan environment (Aucha et al., 2017; Muchiri et al., 2002; Wandiga, 2001). Detectable 

levels of HCH isomers and other OCPs were recently reported in agricultural soil, water, 
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sediment samples, and selected organisms in Kenya (Aucha et al., 2017; Muchiri et al., 2002; 

Osoro, 2016). Osoro, (2016) recently reported significant levels of HCH isomers in water and 

sediment samples from Rusinga Island, Lake Victoria, including; α-HCH (7.02 ±0.01 µg/L in 

water and 22.62 ±3.23 µg/kg in sediments), β-HCH (2.96 ±0.97 µg/L in water and 21.94 ±4.21 

µg/kg in sediments) and γ-HCH (0.52 ±0.01 µg/L in water and 6.23 ±1.95 µg/kg in sediments). 

Furthermore, the presence of α-, β-, and γ-HCH were reported in soil and air samples from 

Industrial area, Dandora and Kabete dumpsites within Nairobi (Aucha et al., 2017). In mount 

Kenya regions β-HCH was recorded as the most abundant while α-HCH the least abundant, in 

the analyzed samples (Aucha et al., 2017). HCH residues were also recorded in agricultural 

soil samples from Imenti North and South sub-counties in Meru county (Marete et al., 2019). 

Mean HCH isomer concentrations of up to; 60.6 ±8.2 µg/kg of α-HCH, 50.1 ±7.2 µg/kg of β-

HCH, 40.7 ±1.9 µg/kg of γ-HCH and 0.6 ±0.1 µg/kg of δ-HCH were recorded in Imenti North 

subcounty, while upto; 2.4 ±0.4 µg/kg of α-HCH, 14.9 ±2.2 µg/kg of β-HCH, 2.8 ±0.1 µg/kg 

of γ-HCH and 0.5 ±0.04 µg/kg of δ-HCH were recorded in Imenti South sub county (Marete 

et al., 2019). 

2.5. Environmental fate and transport of hexachlorocyclohexane  

Following application or disposal in soil, the distribution and environmental fate of HCH is 

influenced by several factors, including; (i) loss by volatilization into the atmosphere, (ii) 

adsorption to soil particles and organic matter, (iii) loss through surface runoffs and leaching 

into ground water (iv) loss though uptake by plants and animals and (v) loss through chemical 

and microbial transformation (Figure 2.3) (Delcour et al., 2015; Girish & Kunhi, 2013; Shen 

et al., 2004; Zhang et al., 2020). The distribution and behavior of organic pollutants (such as 

HCH) in the atmosphere depend on; their physical and chemical properties, reactivity, location 

of the contaminant source, and dynamics of the atmosphere (Shen et al., 2004). 

2.5.1. Volatilization 

Volatilization occurs when liquid or solid compounds transfer to gaseous phase (Delcour et al., 

2015). This is one of the critical causes of the presence of organic contaminants in air and is 

normally influenced by elevated temperatures and the exposure of contaminants to direct 

sunlight (Delcour et al., 2015; Yeo et al., 2003). Pollutants with low volatility stay airborne for 

short periods, they tend to attach to atmospheric particles and quickly return to the ground. On 

the other hand, those with high volatility, low reactivity, and high Henry´s law constant (such 

as HCH) can stay airborne for prolonged periods before settling to the ground (Shen et al., 
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2004). Following volatilization, contaminants can be dispersed by wind thousands of 

kilometers from their points of source to other pristine environments resulting in new 

contamination in form of aerial dry or wet deposition (Figure 3) (Delcour et al., 2015; Dubus 

et al., 2000; Shen et al., 2004; Yeo et al., 2003). 

 

Figure 2.3: Processes that influence the distribution and environmental fate of HCH after 

application (adapted from Delcour et al., 2015). 

2.5.2. Runoffs and leaching 

Contamination of surface water by pesticide residues is often caused by waste water discharge 

and surface runoffs from points of the contamination source (Huber et al., 2000; Otieno et al., 

2013). Surface runoffs have been implicated as the major source of aquatic contamination 

particularly in agricultural areas. Previous reports have linked increased applied pesticide loss 

to runoffs during heavy rains resulting in heavy contamination in aquatic systems (Otieno et 

al., 2013; Regnery & Püttmann, 2010). Once in aquatic systems, organic pesticide residues 

adsorb to suspended particles which eventually settle in sediments, that serve as essential 

habitats for aquatic organisms which would then bioaccumulate these pollutants (Phillips et al., 

2003).  
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On the other hand, leaching is the percolation of organic chemicals through soil into the ground, 

eventually leading to contamination of ground water (Delcour et al., 2015). Generally, the 

leaching of organic contaminants in soil is influenced by their solubility in water and their 

affinity to bind soil particles (Dorsey et al., 2005; Pérez-Lucas et al., 2019). Leaching of 

pesticides through soil is facilitated by irrigation or rain water, therefore leaching has been 

reported to be high for; (i) persistent compounds with weak adsorption properties, (ii) climates 

with high precipitation, and, (iii) soil with sandy texture and low organic matter (Pérez-Lucas 

et al., 2019). HCH has generally been shown to have low mobility in soil, based on laboratory 

studies that used soil columns with soils of both high and low organic matter (Dorsey et al., 

2005; Reinhart et al., 1991). Soils with high organic matter and clay are however thought to 

slow water movement and easily adsorb many pesticides, hence preventing the leaching of 

organic contaminants into the ground better than soils with sandy texture (Pérez-Lucas et al., 

2019). 

2.5.3. Adsorption  

The adsorption of pesticides in soil determines their efficacy and the adverse environmental 

impact they might cause (Wadaskar et al., 2006). Soil organic matter is the most important 

factor that governs the sorption and desorption of HCH isomers, where increased sorption was 

observed with increased soil organic matter (Pérez-Lucas et al., 2019; Wahid & Sethunathan, 

1979). Once applied to soil, HCH strongly adsorbs to soil organic matter rendering it relatively 

immobile (Girish & Kunhi, 2013). Pesticides that strongly adsorb to soil particles pose less risk 

to groundwater contamination through leaching. However, they may pose a serious 

contamination risk to surface water when soil is eroded into surface water bodies (Wadaskar et 

al., 2006). 

2.5.4. Uptake by plants and animals 

Plants growing in HCH-contaminated environments have been shown to accumulate HCH  in 

their tissues (Girish & Kunhi, 2013). Two pathways through which organic contaminants enter 

plants have been proposed, (i) the soil-plant pathway, which involves adsorption of pollutants 

by the roots tissues from contaminated soil and translocation to the aerial parts of the plants 

through the xylem, and (ii) the air-plant pathway, which involves adsorption of contaminants 

to the aerial plant biomass from the surrounding air following volatilization from soil (Abhilash 

et al., 2008; Calvelo Pereira et al., 2008; Girish & Kunhi, 2013). The uptake and 

bioaccumulation of contaminants by plants is one of the crucial processes that determine 
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pollutant transfer within the food chain and food web (Figure 2.3) (Abhilash et al., 2008; Bacci 

et al., 1992; Calvelo Pereira et al., 2008). 

2.5.5. Transformation and degradation 

Hexachlorocyclohexane can undergo both chemical and biological transformation in the 

environment (Wacławek et al., 2019). Chemical transformation of HCH has been reported to 

include; oxidative elimination (which includes free radical addition), reductive elimination 

(including, hydrogenolysis and dihaloelimination), and β-elimination (which includes alkaline 

mediated transformation) (Wacławek et al., 2019). On the other hand, the biological 

(microbial) transformation of HCH (both oxic and anoxic) has been reported in several studies 

and reviews (Lal et al., 2006, 2010; Lal & Saxena, 1982; Phillips et al., 2005). The microbial 

transformation of HCH has a shielding effect on uptake by plants and animals and toxicity 

(Figure 2.3).  

2.6. Toxicological profile of hexachlorocyclohexane  

The production and extensive use of HCH over the decades resulted in detrimental effects on 

non-target biota of both soil and aquatic environment (Zhang et al., 2020). The persistence and 

lipophilic properties of HCH isomers enable them to bioaccumulate in the food chain, making 

HCH one of the most hazardous POPs (Tsygankov et al., 2019; Zhang et al., 2020). Lindane 

poses a threat to a range of organisms including, microorganisms, plants, invertebrates, fish, 

birds, and mammals (Sang & Petrovic, 1999; Zhang et al., 2020).  

Martinez-Toledo et al. (1993) showed that lindane application at concentrations of 3.5-15kg/ha 

resulted in a significant decrease in the population of nitrifying bacteria (Nitrosomonas spp., 

Nitrosolobus spp., and Nitrobacter spp.) in agricultural soil (Girish & Kunhi, 2013; Martinez-

Toledo et al., 1993). In addition,  the presence of 10µg/ml lindane adversely affected the growth 

and denitrifying activity of Xanthobacter autotrophicus CECT 7064 in a liquid medium (Sáez 

et al., 2006). HCH has been shown to reduce plant seed germination vigor and is highly toxic 

to fish and aquatic invertebrates (Bidlan et al., 2004; Girish & Kunhi, 2013). In humans, HCH 

has adverse effects on the neurological system, liver, and kidneys and is also suspected to be 

carcinogenic (Girish & Kunhi, 2013; Sauviat & Pages, 2002; Zhang et al., 2020). Lindane is a 

neurotoxin that disrupts the activity of γ-aminobutyric acid (GABA) neurotransmitter by 

interacting with the GABAA receptor-chloride channel complex (Pomés et al., 1994). Previous 

studies have demonstrated increased activity of liver function test enzymes such as lactate 

dehydrogenase (LDH), alkaline phosphatase (ALP), alanine aminotransferase (ALT), and 
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aspartate aminotransferase (AST) in mice models as an indication of the harmful effects of 

HCH on the liver (Girish & Kunhi, 2013). Lindane has also been shown to be mildly estrogenic 

in female mice and to cause testes atrophy in male mice (Girish & Kunhi, 2013). 

2.7. Microbial degradation of hexachlorocyclohexane 

Microbial degradation of organic contaminants such as HCH has been proposed as the most 

auspicious strategy to maintain environmental health (Pant et al., 2013). Microorganisms are 

considered as effective, minimally hazardous, and environmentally friendly for pollutants 

removal from contaminated sites (Pant et al., 2013). Toxicity and persistence of xenobiotic 

compounds are determined by their degree of halogenation (Saez et al., 2017), therefore, 

dehalogenation (removal of the halogen atom) is considered as the most critical reaction in 

microbial degradation of halogenated organic pollutants (Camacho-Pérez et al., 2012; Saez et 

al., 2017). Dehalogenation is thought to reduce recalcitrance to biodegradation and the 

formation of toxic biodegradation intermediates in the subsequent steps (Camacho-Pérez et al., 

2012). Microorganisms with HCH degradation capacity have attracted attention because they 

provide an opportunity to be utilized for in situ bioremediation and detoxification of 

contaminated environments (Girish & Kunhi, 2013). Microbial degradation of HCH has been 

reported in both fungi (Bumpus et al., 1985; Guillén-Jiménez et al., 2012; Phillips et al., 2005; 

Sagar & Singh, 2011) and bacteria (Boltner et al., 2005; Lal et al., 2006, 2010; Nayyar et al., 

2014; Nayyar & Lal, 2016) under both aerobic and anaerobic conditions (Kumar & Pannu, 

2018; Saez et al., 2017). 

2.7.1. Hexachlorocyclohexane degradation by fungi 

Fungi have been reported to have the capacity to degrade a variety of xenobiotic pollutants 

such as pesticides, hydrocarbons, and azo dyes (Nagpal et al., 2008; Saez et al., 2017). Among 

different fungi, white-rot fungi (WRF) have been shown to have a high degradation efficiency 

for a variety of xenobiotics (Nagpal et al., 2008; Saez et al., 2017; Sagar & Singh, 2011). HCH 

degradation by different strains of WRF have previously been reported, including; Bjerkandera 

adusta (J. C. Quintero et al., 2007), Phanerochaete chrysosporium (Mougin et al., 1996), 

Phanerochaete sordida, Cyathus bulleri (Singh & Kuhad, 2000), Trametes hirsutus (B. K. 

Singh & Kuhad, 1999) and Pleurotus ostreatus (Rigas et al., 2009). Quintero et al. (2007) 

demonstrated bioremediation of the four major isomers of HCH using B. adusta in a slurry 

system. The capacity of WRF to degrade HCH is attributed to their ability to produce highly 

efficient, non-specific extracellular enzymes that catalyze a range of oxidation reactions 
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resulting in the breakdown of contaminants (Nagpal et al., 2008). Some of the non-specific 

enzymes secreted by WRF include lignin modifying enzymes such as; laccases, lignin and 

manganese peroxidases, and phenol oxidases (Hatakka, 1994; Nagpal et al., 2008). 

Besides WRF, non-white rot fungi (non-WRF) have recently been demonstrated to degrade 

HCH (Saez et al., 2017). The non-WRF reported to degrade HCH include; Fusarium poae and 

Fusarium solani isolated from HCH contaminated soil (Sagar & Singh, 2011), Fusarium 

verticillioides AT-100 isolated from Agave tequilana leaves (Guillén-Jiménez et al., 2012) and 

Conidiobolus 03-1-56 isolated from litter (Nagpal et al., 2008). Some metabolites identified 

during fungal HCH degradation studies include; γ-pentachlorocyclohexene (γ-PCCH), 

tetrachlorocyclohexene (TCCH) tetrachlorocyclohexenol (TCCOL), Phenol and benzoic acid 

(Figure 2.4) (Guillén-Jiménez et al., 2012; Singh & Kuhad, 2000).  

 

Figure 2.4: Proposed HCH degradation steps by fungi. Compounds: TCCH = 

tetrachlorocyclohexene, TCCOL = tetrachlorocyclohexenol (adapted from Guillén-Jiménez et 

al., 2012 and Singh & Kuhad, 2000).  

2.7.2. Hexachlorocyclohexane degradation by bacteria 

The HCH degradation capacity of bacteria has been reported under both oxic and anoxic 

conditions (Alvarez et al., 2012; Lal et al., 2010; Phillips et al., 2005), where some bacterial 

strains have been shown to utilize HCH as a sole carbon source (Phillips et al., 2005). 

Monochlorobenzene and benzene have been reported as the final products under anoxic HCH 

degradation (Beland et al., 1976; Boyle et al., 1999; Lal et al., 2010; Middeldorp et al., 1996), 

while complete mineralization has only been observed under oxic conditions (Lal et al., 2006, 

2010; Nayyar & Lal, 2016). 
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2.7.2.1. Anaerobic degradation 

Hexachlorocyclohexane degradation in bacteria was initially believed to mainly occur under 

anaerobic conditions where various levels of anaerobic degradation of HCH isomers were 

reported (Lal et al., 2010; Phillips et al., 2005). A study by Ohisa et al. (1980) initially proposed 

an anaerobic degradation mechanism of γ-HCH that involve two dichloroelimination steps 

resulting in the formation of γ-3,4,5,6-tetrachlorocyclohexene (γ-TCCH) and 5,6-

dichlorocyclohexadiene and a dehydrochlorination reaction to produce chlorobenzene (Figure 

2.5). Several subsequent studies confirmed the presence of γ-TCCH as an anaerobic 

degradation intermediate of γ-HCH (Beland et al., 1976; Heritage & MacRae, 1977; Jagnow et 

al., 1977; Lal et al., 2010; Ohisa et al., 1980). Traces of trichlorobenzene and benzene were 

also identified in the reaction mixture by (Jagnow et al., 1977). Other studies suggest that 

anaerobic degradation of other HCH isomers including α-, β-, and δ-HCH also proceeds 

through successive dichloroelimination steps followed by dehydrochlorination to produce 

chlorobenzene (Figure 2.5) (Heritage & MacRae, 1977; Lal et al., 2010; Middeldorp et al., 

1996). More recently Quintero et al. (2005) suggested an alternative anaerobic HCH 

degradation pathway that generates chlorobenzene from all the four major HCH isomers. In 

their study of unidentified anaerobic microbial liquid and soil slurry systems Quintero et al. 

(2005) identified pentachlorocyclohexane, 1,2- and 1,3-dichlorobenzene (DCB) and 

chlorobenzene (CB).  

2.7.2.2. Aerobic degradation 

Several aerobic HCH degraders have previously been reported (Alvarez et al., 2012; Gupta et 

al., 2000; Lal et al., 2010), however, most of the aerobic HCH degraders known belong to the 

Sphingomonadaceae family (Lal et al., 2006, 2010; Nayyar & Lal, 2016). The first aerobic 

HCH degrading bacterium was reported in 1989 in Japan (Senoo & Wada, 1989), several 

subsequent reports from other countries then followed (Boltner et al., 2005; Ito et al., 2007; 

Mohn et al., 2006; Sahu et al., 1990). Close to thirty HCH-degrading sphingomonads have been 

reported from different parts of the world, however, three species namely, Sphingobium 

japonicum UT26 (Japan) (Senoo & Wada, 1989), Sphingobium indicum B90A (India) (Sahu et 

al., 1990)  and Sphingobium francense Sp+ (France) (Cérémonie et al., 2006) have extensively 

been studied.  
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Figure 2.5: Proposed anaerobic HCH degradation pathway for γ-HCH and β-HCH. Shown in 

square brackets are compounds not yet empirically determined (adapted from Lal et al., 2010). 

Since the first report of aerobic HCH degradation (Senoo & Wada, 1989), extensive research 

to decipher the aerobic degradation pathway has been conducted in various research groups 

(Lal et al., 2006, 2010; Nayyar & Lal, 2016). A detailed aerobic γ-HCH degradation pathway 

was first elucidated for S. japonicum UT26 (Nagata et al., 2007), where two degradation stages 

were reported, namely; upstream and downstream pathways (Figure 2.6). The upstream 

pathway involves dechlorination reactions where γ-HCH is metabolized to 2,5-DCHQ (2,5-

dichlorohydroquinone) which is further metabolized to CO2 and H2O in the downstream 

pathway (Endo et al., 2005; Lal et al., 2006, 2010; Nayyar & Lal, 2016).  A similar pathway 

has been reported in all the other sphingomonads, however, isomer-specific differences have 

been reported in the early steps of the degradation pathway in different strains (Figure 2.6) 

(Lal et al., 2006, 2010; Nayyar & Lal, 2016). 
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been reported (Boltner et al., 2005; Lal et al., 2006, 2010; Nayyar & Lal, 2016). The HCH 

degradation pathway consists of eight structural genes (Lin A to Lin J), a Lin C-like gene (Lin 

X) and a regulatory gene (Lin R) (Table 2.2) (Dogra et al., 2004; Lal et al., 2006). The aerobic 

bio-transformation of γ-HCH to 2,5-dichlorohydroquinone (2,5-DCHQ) in the upstream stage 

proceeds through; two steps of dehydrochlorination catalyzed by LinA (γ-HCH 

dehydrochlorinase), two steps of hydrolytic dehalogenation catalyzed by LinB (haloalkane 

dehalogenase), and one dehydrogenation step catalyzed LinC  (2,5-dichloro-2,5-

cyclohexadiene-1,4-diol dehydrogenase) (Girish & Kunhi, 2013; Lal et al., 2010; Nayyar & 

Lal, 2016).  2,5-DCHQ is subsequently metabolized in the downstream pathway by LinD (2,5-

DCHQ dechlorinase), LinE (CHQ 1,2-dioxygenase), LinF (maleylacetate reductase), LinGH 

(succinyl-CoA: 3-oxoadipate CoA transferase) and LinJ (β-ketoadipyl CoA thiolase) to 

succinyl-CoA and acetyl CoA which enters the tricarboxylic acid pathway (Figure 2.6) (Lal et 

al., 2010; Nayyar & Lal, 2016). LinR is a Lys-type transcriptional regulator that is reported to 

regulate the expression of LinD and LinE (Boltner et al., 2005; Nagata et al., 1999). LinX codes 

for a dehydrogenase that has similar activity to LinC (Boltner et al., 2005; Dogra et al., 2004). 

Table 3 summarises the characteristics of reported Lin genes. Other noteworthy Lin genes 

include LinKLMN which code for a putative ABC-type transporter that is thought to be 

important in the utilization of γ-HCH by S. japonicum UT26 (Nagata et al., 2007). 

2.8. Factors affecting HCH degradation 

The degradation of HCH is influenced by chemical, physical and biological factors such as; 

pH, temperature, availability of additional carbon sources, HCH concentration, and 

bioavailability among other factors (Kumar & Pannu, 2018; Saez et al., 2017).  

2.8.1. Effect of pH 

Variations in pH affect the growth of HCH degraders during the degradation process, therefore 

pH has previously been reported as one of the key factors that affect HCH degradation (Kumar 

& Pannu, 2018; Saez et al., 2017). A study by Elcey & Kunhi (2010) found that an adapted 

consortium could degrade γ-HCH at pH levels ranging from 3 to 9, with the optimum being at 

a more neutral range of between pH 6 and 8. Murthy & Manonmani (2007), on the other hand, 

found that a defined consortium of 10 microorganisms did not degrade γ-HCH at pH 4. The 

chances of microbial survival in the consortium gradually improved as the pH levels were 

increased towards neutrality. In a study on the effects of initial pH on γ-HCH removal by 

Streptomyces sp. M7 in soil extract, Benimeli et al. (2007), reported the highest removal of the 
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pesticide at an initial pH of 7. In contrast, Okeke et al. (2002) an optimal pH of 9 for microbial 

growth and degradation of γ-HCH in soil slurries. 

Table 2.2: Reported Lin genes from S. japonicum UT26, S. indicum B90A and S. francense 

Sp+ (adapted from Dogra et al., 2004; Lal et al., 2006; Nagata et al., 1999). 

  
Nucleotides            

(amino acids) 

    
Expression 

in B90A, 

UT26, Sp+ 

 G+C content (%) Function 

Genes B90A UT26 Sp+ B90A UT26 Sp+ B90A, UT26, Sp+ 

LinA1 
462 

(154) 
** ** 52.7 ** ** Dehydrochlorinase Constitutive 

LinA2 
468 

(156) 

468 

(156) 

468 

(156) 
53.9 53.9 53.9 Dehydrochlorinase  

/LinAa 

LinB 
888 

(296) 

888 

(296) 

888 

(296) 
62.5 62.5 62.5 Halidohydrolase Constitutive 

LinC 
750 

(250) 

750 

(250) 

750 

(250) 
64.5 64.3 64.5 Dehydrogenase Constitutive 

LinD 
1038 

(346) 

1038 

(346) 

1038 

(346) 
61.8 61 61.8 

Reductive 

dechlorinase 
Inducible 

LinE 
963 

(321) 

963 

(321) 

963 

(321) 
60.1 60.1 60.1 

Ring-cleavage 

dioxygenase 
Inducible 

LinR 
909 

(303) 

909 

(303) 

909 

(303) 
60.3 61.3 60.3 

Transcriptional 

regulator 
? 

LinX1 
750 

(250) 

750 

(250) 

750 

(250) 
64.5 64.5 64.5 Dehydrogenase ? 

LinX2 
750 

(250) 
** ** 64.5 ** ** Dehydrogenase ? 

LinX3 
750 

(250) 
** ** 64.5 ** ** Dehydrogenase ? 

LinF * 
1056 

(352) 
* * 68.1 * Reductase ? 

tnpA 
792 

(264) 

792 

(264) 

792 

(264) 
61 61 61 Transposase ? 

LinAa: LinA gene from S. japonicum UT26 and S. francense Sp+. (**): not detected; (*): not 

determined; (?): not known. 

2.8.2. Temperature 

Temperature changes up to specified limits may affect HCH removal by influencing the 

biological activity of degraders or modifying the levels of bioavailability through reduced 

sorption (Kumar & Pannu, 2018; Phillips et al., 2005; Saez et al., 2017). Generally, the 

optimum temperature for HCH biodegradation in soil slurry, soil, and bacterial cultures has 

been reported to be in the range of 25 ⁰C to 30 ⁰C (Benimeli et al., 2007; Boltner et al., 2005; 

Elcey & Kunhi, 2010; Mohn et al., 2006). Elcey & Kunhi, (2010) studied γ-HCH degradation 
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across a wide temperature range and found that chloride ions were released at temperatures as 

low as 5 ⁰C and as high as 60 ⁰C at 8% and 18% respectively. Optimum chloride release 

however occurred at 30 – 35 ⁰C (Elcey & Kunhi, 2010). Similar results were observed by 

Benimeli et al. (2007), where maximum removal of γ-HCH by Streptomyces sp. M7 was 

observed at 30 ⁰C. 

2.8.3. Inoculum size 

The amount of microbial cells in the active growth phase (inoculum) has been reported to affect 

the degradation rate of xenobiotic compounds (Kumar & Pannu, 2018; Saez et al., 2017). 

Several studies have shown that larger inoculum sizes increase the degradation efficiency of 

HCH up to a certain extent beyond which further increase has no additional benefit on the 

pesticide removal (Guillén-Jiménez et al., 2012; Kumar & Pannu, 2018). Using an immobilized 

Streptomyces consortium (Saez et al. (2014) observed a higher γ-HCH removal at 107 CFU/g 

of inoculum than smaller inoculum sizes. Higher cell densities, however, had no additional 

benefit (Saez et al., 2014). Similar results were observed by (Fuentes et al., 2010), that the 

inoculum size and the rate of γ-HCH clearance are not directly proportional. 

2.8.4. Additional carbon source 

It has previously been demonstrated that additional carbon sources besides the target pollutant 

can affect its (pollutant) degradation through co-metabolism (García-Rivero & Peralta-Pérez, 

2008; Saez et al., 2017). Benimeli et al. (2007) demonstrated that Streptomyces sp. M7 

simultaneously consumed glucose and γ-HCH. They also showed that high glucose 

concentrations stimulated biomass yields and γ-HCH removal (Benimeli et al., 2007). Guillén-

Jiménez et al. (2012), observed that the addition of agave leaves to the degradation culture 

medium increased fungal γ-HCH degradation by biostimulation. Similar results were reported 

by Álvarez et al. (2012), where higher levels of γ-HCH removal by Streptomyces strains A5 

and M7 were observed in presence of root exudates as additional carbon sources. However, 

degradation of xenobiotic compounds such as HCH has also been shown to be influenced by 

other factors such as the kind of microbial community present, pollutant concentration, and 

concentration of other nutrients, among other factors (Kumar & Pannu, 2018; Saez et al., 2017). 

Additional carbon sources alone, therefore, may not always promote contaminant degradation 

process, and in some cases even limit the degradation process (Kumar & Pannu, 2018; Pino et 

al., 2011; Saez et al., 2017).  
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2.8.5. Hexachlorocyclohexane concentration 

Hexachlorocyclohexane concentration influences soil microbial communities, stimulating the 

growth of some microorganisms while inhibiting the growth of others (Phillips et al., 2005). 

The concentration of the contaminant is therefore one of the key factors that influence biomass 

growth and degradation. Very low pollutant concentration may not activate degradative 

enzymes, while excessive levels may be toxic to the microorganisms (Awasthi et al., 2000; 

Kumar & Pannu, 2018; Saez et al., 2017). While studying the ability of a Pandoreae sp. to 

remove γ-HCH in liquid and soil slurry systems, Okeke et al. (2002), observed that γ-HCH 

removal increased with concentration up to 150 mg/L but decreased at 200 mg/L. Effects of 

increased concentration on γ-HCH removal was also observed by Guillén-Jiménez et al. 

(2012). 

2.8.6. Bioavailability 

Factors that influence HCH solubility and sorption such as vapor pressure and soil organic and 

moisture content may affect its mobility in soil and hence the bioavailability and degradation 

(Saez et al., 2017). In addition, HCH can volatilize thereby altering its concentration in liquid 

and solid phases of soil as well as its bioavailability (Phillips et al., 2005; Saez et al., 2017). 

Previous studies have shown that increased soil water content decreases the adsorption of 

hydrophobic compounds, due to hydration of the adsorbent surfaces which lowers the 

accessibility of adsorption sites (Kumar & Pannu, 2018; Roy et al., 2000; Saez et al., 2017). 

Soil properties and composition have also been shown to influence HCH bioavailability and 

degradation (Kumar & Pannu, 2018). Soil with high silt content has greater moisture retention 

which may improve HCH bioavailability (Phillips et al., 2005). On the other hand soil with 

high organic content decreases the bioavailability of contaminants (Kumar & Pannu, 2018; 

Saez et al., 2017; Vlčková & Hofman, 2012).    

2.9. Bioremediation of hexachlorocyclohexane 

Bioremediation is the process of modifying or removing toxic pollutants from the environment 

using living organisms such as bacteria, fungi, and plants (Cutright & Erdem, 2012; Girish & 

Kunhi, 2013). Bioremediation technologies can potentially be used to clean up contaminated 

soils, contaminant stockpiles, liquid wastes, and commodities (Lal et al., 2010; Russell et al., 

1998; Sutherland et al., 2004). Though HCH is no longer mainly used as an insecticide, 

bioremediation of previously contaminated soil and stockpiles is a top priority (Lal et al., 2010). 

In addition, contamination of liquid wastes such as agricultural runoff and commodities 
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remains an environmental concern due to diffusion from heavily contaminated soils and 

stockpiles (Lal et al., 2010). 

Biostimulation and bioaugmentation are the two major approaches that have been applied for 

soil bioremediation. Biostimulation entails the provision of oxygen and/or inorganic nutrients 

to resident bacteria that can degrade the pollutant in question (Lal et al., 2010). On the other 

hand, bioaugmentation entails the introduction of additional microorganisms with the ability 

to degrade the contaminant, either naturally or through genetic manipulation (Lal et al., 2010). 

Both approaches have been used to clean up HCH-contaminated sites with varying degrees of 

effectiveness (Bidlan et al., 2004; Lal et al., 2010; Mertens et al., 2006; Phillips et al., 2006). 

2.10. Fungal-bacterial co-cultures in contaminant degradation and 

bioremediation 

Though microbial catalysts offer a promising strategy to maintain environmental health, their 

use is normally impeded by the tendency of many organic contaminants to adsorb and 

accumulate onto organic matter, decreasing their bioavailability (Furuno et al., 2010, 2012; 

Harms et al., 2011). The accumulation of organic contaminants mostly occurs in toxic and 

hostile environments devoid of nutrients and water required to promote the growth of potential 

degraders. Previous reports suggest that ideal bioremediation machinery should be able to cope 

with harsh environmental conditions and have the capacity to track contamination in soil pores 

and organic matter. In addition, appropriate decontamination machinery should have a 

catabolic capacity that does not rely on the availability of the pollutant as a substrate for growth 

and have the ability to transport water, required nutrients, and metabolically active organisms 

to contaminated spots (Harms et al., 2011).  

Most of the characteristics ideal for bioremediation are displayed by fungi, either alone or in 

cooperation with bacteria and plants, and are therefore considered important components for 

the development of bioremediation technologies (Harms et al., 2011; Wick et al., 2010). The 

key characteristics of fungi that contribute to their suitability for bioremediation are their ability 

to degrade organic contaminants or influence their bioavailability, and their ability to grow 

mycelial structures (called hyphae) (Finlay, 2008; Harms et al., 2011).  Other notable features 

of fungi as ideal organisms for bioremediation are, the low specificity of their catabolic 

enzymes and the non-reliance on pollutants as growth substrates (Harms et al., 2011). 

Furthermore, despite the minuscule nature of hyphae, which have diameters of 2-10 µm, fungi 
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are among the world’s largest living organisms, with reported networks spanning hundreds of 

hectares (Furuno et al., 2012). 

2.10.1. Mycelial-mediated dispersal of bacteria (“fungal highways”) 

Previous studies have demonstrated that mycelial structures provide an efficient dispersal 

network (fungal highways) that facilitates both random and targeted movement of otherwise 

immobilized bacteria (Figure 2.7) (Furuno et al., 2010; Wick et al., 2010). The dispersal of 

bacteria is achieved by the ability of fungal mycelia to grow along surfaces, via pores, and 

through air gaps that allow them to connect air-filled spaces found between water-filled pores 

(Figure 2.7) (Wick et al., 2010). Kohlmeier et al. (2005) observed fungus-mediated dispersal 

of bacteria of up to 1cm d-1 in an artificial laboratory system. Fungal-mediated transport was 

however shown to be dependent on bacterial motility and surface characteristics of both 

partners (Kohlmeier et al., 2005). It was further observed that motile hydrocarbon-degrading 

bacteria were widely dispersed over the hydrophilic fungus Fusarium oxysporum while non-

flagellated bacteria were not dispersed on established mycelia (Kohlmeier et al., 2005). 

Mycelial-mediated transport (“fungal highways” (Kohlmeier et al., 2005)) is thought to 

facilitate the dispersal of indigenous bacteria towards pollutants pockets suitable for 

degradation. This increases the bioavailability of contaminants by reducing the distances 

between bacterial degraders and their respective compounds (Kohlmeier et al., 2005; Wick et 

al., 2010). 

2.10.2.  Mycelial-mediated translocation of nutrients and contaminants (“fungal 

pipelines”) 

Translocation of cellular material through mycelial network is essential for fungi to flourish in 

heterogeneous environments (Jennings, 1987; Wick et al., 2010). Mycelial networks must 

therefore translocate nutrients across spatially dispersed sources and sink while maintaining 

their structural integrity from mycophagy or random damage (Bebber et al., 2007; Wick et al., 

2010). Evidence of both passive (diffusion-driven) and active (metabolically-driven) 

translocation of contaminants by fungal mycelia (fungal pipelines) has been demonstrated 

(Figure 2.7) (Schamfuß et al., 2013, 2014; Wick et al., 2010). On the other hand, previous 

reports revealed the ability of underground fungal networks to connect plants by translocating 

nutrients between them or providing nutrients to associated bacteria within their hyphosphere, 

thus shaping the communities above and below the earth's surface (Whitfield, 2007; Wick et 

al., 2010). More recently, experimental evidence for stimulation of bacterial activity by 



28 
 

mycelial-mediated nutrient supply in a resource-scarce environment was demonstrated 

(Worrich et al., 2017). 

 

Figure 2.7: A schematic depiction of the impact of fungal-mediated transport pathways on 

pollutant biodegradation in soil (adapted from Wick et al., 2010). 

2.11. Stable isotope probing  

Stable isotope probing (SIP) is a well-established method in microbial ecology for identifying 

metabolically important players in microbial communities using stable isotope isotope-labeled 

substrates such as D,13C, 15N,18O and 34/36S (Jehmlich et al., 2008, 2010, 2016; Taubert et al., 

2011). There are SIP variants that target distinct biomarker molecules resulting from metabolic 

tagging of biomass by stable isotopes (Neufeld, et al., 2007a). The target biomarkers include 

labeling of deoxyribonucleic acid (DNA-SIP) (Neufeld, et al., 2007b), ribonucleic acid (RNA-

SIP), phospholipid fatty acids (PLFA-SIP) (Boschker et al., 1998; Richnow et al., 2002), amino 

acids (Richnow et al., 2002) and proteins (Jehmlich et al., 2010, 2016). 
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2.11.1. Protein SIP 

The involvement of proteins in enzymatic catalysis makes them ideal for studying the structure 

and function of microbial communities because they provide both functional and phylogenetic 

information (Jehmlich et al., 2008). The incorporation of stable isotopes (typically 13C or 15N) 

into proteins has become a powerful tool for quantitative and qualitative proteome research 

because the incorporation rates are a useful indicator for determining the overall metabolic 

activity and protein turnover rates (Jehmlich et al., 2016). Metabolic protein labeling can be 

achieved in two ways, (i) utilizing labeled substrates (such as 13C-glucose or 15N-ammonium) 

that are biochemically assimilated into amino acids (Jehmlich et al., 2010, 2016), or (ii) 

utilizing individually labeled amino acids that can be supplied in the medium (Chen et al., 

2015).  

The use of stable isotope-labeled substrates is appealing because mass spectrometry can be 

used to measure the mass shifts that would permit the quantitative assessments of isotope 

incorporation (Jehmlich et al., 2010, 2016). The rate of isotope incorporation is then used as an 

indirect indicator of metabolic activity relative to a specific substrate (Jehmlich et al., 2016). 

The mass spectrometry data are used to extract two important parameters, i.e (i) the relative 

isotope abundance (RIA), which refers to the number of labeled atoms in a peptide as an 

indicator of the fraction of labeled substrate that was assimilated, and (ii) the labeling ratio 

(LR), which provides the ratio of labeled to unlabeled peptides as an indicator of protein 

turnover rates following the addition of the labeled substrate (Jehmlich et al., 2008, 2010, 

2016). Protein-SIP experimental workflow includes; protein extraction, separation by 1-D gel 

electrophoresis, in-gel digestion of proteins, mass spectrometry, and bioinformatics analysis 

(MetaProSIP) which calculates and exports SIP parameters (as *.csv files) for subsequent 

analysis and interpretation (Figure 2.8). 
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Figure 2.8: Experimental workflow of Protein-SIP (adapted from Jehmlich et al., 2016). 
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CHAPTER THREE  

3.0 Characterization of hexachlorocyclohexane (HCH)-degrading Sphingobium species 

isolated from HCH contaminated soil. 

3.1. Abstract 

Hexachlorocyclohexane remains a common pollutant despite the restricted or complete ban on 

its commercial use globally. HCH-degrading bacteria are however believed to have a potential 

for active bioremediation processes. In the present study, two HCH-degrading Sphingobium 

strains (S6 and S8) were isolated from HCH-contaminated soil collected from a former obsolete 

pesticide storage site in Kitengela, Kenya (GPS: 01.49 S, 37.048E). Based on 16S rDNA gene 

sequencing, the two strains were closely related to S. quisquiliarum P25, a known HCH-

degrader with sequence identities greater than 98%, and were shown to effectively degrade all 

the four HCH isomers in the order γ-HCH > δ-HCH ≈ α-HCH > β-HCH. Subsequently, six lin 

genes responsible for HCH degradation including; five structural genes (linA, linB, linC, linD 

and lin E) and a regulatory gene linR, identical to those from other HCH degraders were 

identified. The respective Lin protein sequences had high similarity to those reported from S. 

japonicum UT26 except LinB which had five mutations that might be responsible for the 

moderate degradation of β-HCH observed in the two isolates. The draft genomes were 

4,173,956bp and 4,170,555bp consisting of 4,015 and 4,039 protein-coding sequences (CDS) 

for Sphingobium sp. strain S6 and Sphingobium sp. strain S8 respectively. The lin genes 

responsible for HCH degradation were identified, and gene clusters for degradation of other 

xenobiotic compounds were predicted. This research, therefore, adds to the diversity of HCH 

degraders and that of LinB sequences which would aid in unraveling the molecular mechanism 

of degradation and bioremediation of HCH isomers, particularly β-HCH. 

3.2. Introduction 

Hexachlorocyclohexane is a cyclic organochloride insecticide that was widely used for 

agricultural pest management and in public health programs for the control of vector-borne 

diseases (Lal et al., 2006; Singh & Kuhad, 1999). HCH is commercially produced by 

chlorination of benzene in the presence of UV light, yielding a mixture of four stable isomeric 

forms (also referred to as technical HCH). The HCH isomers and their respective proportions 

during the production process are; α- (60-70%), β- (5-12%), γ- (10-12%), and δ- (6-10%). 

However, among the different HCH isomers, only γ-HCH isomer (commonly referred to as 

lindane) has insecticidal properties and is normally purified from the rest of the isomers 
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(referred to as `HCH muck`) which are normally disposed of (Lal et al., 2006; Manickam et 

al., 2008; Singh & Kuhad, 1999).  

Lindane production and its use over the years have resulted in the accumulation of dangerous 

stockpiles of toxic HCH waste (Lal et al., 2006, 2010; Manickam et al., 2008; Okai et al., 2010). 

Due to mounting concerns about HCH toxicity to non-target organisms and persistence in the 

environment, its use has been restricted or completely banned in most parts of the world. 

(Boltner et al., 2005; Dogra et al., 2004; Lal et al., 2010; Walker et al., 1999). Despite the ban 

or restricted use, HCH continues to pose a serious environmental and health risk, particularly 

in areas where HCH was previously applied and at former production or dumping sites (Boltner 

et al., 2005). The widespread contamination necessitates the development of mechanisms to 

alleviate the environmental risks posed by HCH residues to plant, animal, and human health 

(Girish & Kunhi, 2013; Lal et al., 2010; Nayyar & Lal, 2016). Microbial degradation has 

therefore been proposed as a promising and eco-friendly strategy for biodegradation of organic 

contaminants such as HCH and bioremediation of contaminated sites (Girish & Kunhi, 2013; 

Pant et al., 2013). 

Microbial degradation of HCH isomers has been reported for both fungi (Bumpus et al., 1985; 

Guillén-Jiménez et al., 2012; Phillips et al., 2005; Sagar & Singh, 2011) and bacteria (Boltner 

et al., 2005; Lal et al., 2006, 2010; Mohn et al., 2006; Nagata et al., 2007; Nayyar & Lal, 2016) 

under both aerobic and anaerobic conditions (Kumar & Pannu, 2018; Phillips et al., 2005; Saez 

et al., 2017). However, complete mineralization of HCH has only been observed to occur under 

aerobic conditions (Manickam et al., 2008; Mohn et al., 2006; Nagata et al., 2007). Despite the 

numerous numbers of known HCH degrading microbes, members of the family 

Sphingomonadaceae have been shown to play a central role in the aerobic biodegradation of 

HCH (Boltner et al., 2005; Lal et al., 2006, 2010).  

Among the numerous HCH-degrading sphingomonads reported,  three distinct species, 

namely, Sphingobium japonicum UT26 (Japan) (Senoo & Wada, 1989), Sphingobium indicum 

B90A (India) (Sahu et al., 1990)  and Sphingobium francense Sp+ (France) (Cérémonie et al., 

2006) have extensively been studied. The HCH degradation pathway and the catabolic genes 

(known as lin genes) required for aerobic degradation of γ-HCH were initially identified and 

described for S. japonicum UT26 (Nagata et al., 1999) and subsequently for S.indicum B90A 

(Dogra et al., 2004). Nearly identical lin genes have been identified in all the other HCH-

degrading sphingomonads reported from different geographical locations across the world 
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(Boltner et al., 2005; Lal et al., 2006; Mohn et al., 2006; Pal et al., 2005). Two important stages 

(the upstream and downstream pathways) involved in the degradation of γ-HCH have been 

described. Dechlorination reactions that convert γ-HCH to 2,5-dichlorohydroquinone (2,5-

DCHQ), form the upstream pathway, while those reactions that convert 2,5-DCHQ to 

tricarboxylic acid cycle (TCA) cycle intermediates, constitute the downstream pathway (Endo 

et al., 2005; Manickam et al., 2008). 

Bioremediation by bioaugmentation has been demonstrated to offer a promising 

biotechnological strategy to clean up contaminated environments (Cao et al., 2013; Lal et al., 

2010). Several studies have demonstrated the successful removal of HCH isomers from aquatic 

and soil environments using microbial degraders (Bidlan et al., 2004; Mertens et al., 2006; 

Raina et al., 2008). Such strategies would be greatly enhanced by screening and exploring more 

isolates, thereby increasing the pool of HCH degraders and lin genes variants (Lal et al., 2010). 

In the present study, two HCH-degrading Sphingobium strains were isolated from HCH-

contaminated Kenyan soil collected from a former pesticide storage facility in Kitengela, 

Kenya. The isolates were phylogenetically identified and their relative HCH degradation 

capacities and associated lin genes were examined. To our knowledge, this is the first report 

on HCH-degrading Sphingobium species isolated from Kenya. This research, therefore, adds 

to the diversity of HCH degraders and that of LinB gene sequences which would aid in 

unraveling the molecular mechanism of degradation of HCH isomers, particularly β-HCH. 

3.3. Materials and Methods 

3.3.1. Chemicals and reagents 

Hexane (LiChrosolv grade), Acetone (99.8%), and γ-HCH (97%) and HCH Mix (HCH 

analytical standard mixture of isomers, α: β: γ: δ = 1:1:1:1) were either purchased from Sigma 

(Munich, Germany) or Merck (Darmstadt, Germany) and were of analytical grade. PCR 

primers used were purchased from Integrated DNA Technologies (IDT, Iowa USA), while kits 

necessary for PCR amplification were purchased from Roche (Mannheim, Germany). 

3.3.2. Isolation of HCH-degrading bacteria by enrichment cultures 

The HCH degrading bacteria were isolated by enrichment culture technique. HCH-

contaminated soil samples used in this study were collected from a former obsolete pesticide 

store in Kitengela, Kenya (GPS: 01.49 S, 37.048E) and transported to the lab wrapped in sterile 

aluminum foil and Ziplock bags. One gram of the soil sample was extracted with 

hexane/acetone (3:1, v/v) and subjected to GC/MS analysis to establish the level of 
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contamination. For bacterial isolation, 5g of the soil was added into a sterile 50ml minimum 

salt medium (MSM) spiked with 100 µg mL-1 γ-HCH in a 100 mL Erlenmeyer flask without 

any additional carbon source. The MSM medium contained (in gL-1): 1g K2HPO4, 1 g 

KH2PO4,1 g NH4NO3, 0.2 g MgSO4.7H2O, 5 mg Fe(SO4), 5 mg Na2MoO4.2H2O, 5 mg 

MnSO4.4H2O and pH 7 as described previously by Senoo & Wada, (1989). The cultures were 

incubated in a rotary shaker at 30 ⁰C and 150rpm for 14 days. Serial dilution of the enrichment 

cultures (10-3 to 10-6 times) was prepared and spread on 1:10 diluted Luria-Bertani (LB) agar 

plates spiked with 100 µg mL-1 γ-HCH (at this concentration γ-HCH formed visible precipitate 

in the agar medium). The plates were then incubated at 30 ⁰C for 4 days. HCH degrading 

bacteria were identified as colonies exhibiting a clear zone where HCH precipitate had 

disappeared. Two bacterial isolates, designated as strain-S6 and strain-S8 that displayed clear 

zones around their colonies were selected and repeatedly (~5 to 6 times) spread on the same 

medium to obtain pure cultures for use in subsequent studies. 

3.3.3. Biochemical, and molecular characterization of the HCH-degrading 

bacterial isolates 

The physiological and biochemical profiles of the two bacterial isolates (strain-S6 and strain-

S8) were tested using biology GNIII microtiter plates (Biolog, USA) (Bochner, 1989) 

according to the manufacturer’s instructions. The 16S rRNA gene sequencing was used for 

molecular identification of the bacterial isolates according to Nelson et al. (2021). The16S 

sequences were used for BLAST searches in the GenBank database at NCBI using the BLASTn 

algorithm with default settings, the database set at 16S ribosomal RNA sequences (Bacteria 

and Archaea), and optimized for highly similar sequences (Altschul et al., 1990). Seventeen 

homologous bacterial 16S rDNA sequences with identities above 98% and 100% coverage 

retrieved from the database, were aligned in MUSCLE, version 3.6 (Edgar, 2004). The 

Bayesian phylogenetic approach in MrBayes, version 3.1.2 (Huelsenbeck & Ronquist, 2001) 

was used to perform phylogenetic analysis based on the nucleotide sequences. A total of 

1,000,000 trees were generated, from which a tree was sampled every 1000 generations. The 

Bayesian consensus trees were constructed using the ‘sum p’ and ‘sum t’ options in MrBayes 

and the branching confidence was calculated as posterior probabilities. The trees were 

visualized in Figtree, version 1.4.3 (http://tree.bio.ed.ac.uk/). 
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3.3.4. Dechlorinase assay for detection of haloalkane dehalogenase activity 

To detect HCH degrading bacteria with haloalkane dehalogenase enzyme activity, a 

colorimetric assay was performed in a 96-well microtiter plate according to the method 

previously described by Phillips et al. (2001). The assay is based on the decrease in pH of a 

weakly buffered medium containing phenol red as an indicator.  Visual color change from red 

to yellow indicated dichlorination of Lindane and subsequent decrease in pH in the reaction 

mixture as a result of chloride ion release. Wells without cell-free extract were used as controls. 

3.3.5. Biodegradation of HCH isomers in liquid-culture 

To examine HCH degradation by pure cultures, the isolates (S6 and S8) were pre-cultured in 

LB medium to an OD600 of about 1 (~3 days) and harvested by centrifugation at 7000 rpm and 

15 ⁰C for 10 min. The cells were washed twice with MSM without a carbon source and 

resuspended in the same medium to a final OD600 of about 3 as previously described by (Boltner 

et al. (2005). Fifty µl of cell suspension was then used to inoculate 2.5 mL of MSM medium 

containing 1% glucose and 10 µg mL-1 (34.4 µM) of each HCH isomer in a mixture in 

previously prepared 20 mL head space GC vials. The vials were incubated in a rotary shaker 

at 30⁰C and 150rpm. At specific time intervals (0, 1, 2, 5, 7, 9, and 24 hrs) three vials were used 

for extraction and GC analysis of residual HCH in the reaction mixture. Uninoculated media 

was used as abiotic controls. All experiments were conducted in triplicate. 

3.3.6. Analytical Methods (Gas chromatography “GC” analysis) 

To monitor HCH degradation in liquid culture, Triplicate bottles were used at every time point 

and extracted with 5ml hexane containing 0.31 µg L-1 DDT as the internal standard. The bottles 

were then frozen at -20 ⁰C overnight to separate the solvent and aqueous phase. The extract 

was transferred into clean glass vials and dried with Sodium sulfate. A hundred µL of the 

extract was then mixed with 10 µL of 4-chlorobenzotrichloride as injection standard and 

analyzed by GC (HP 7890 Series GC, Agilent) with 20m 0.18mm 18µm column (Agilent). 

Helium was used as a carrier gas with a flow rate of 1 mL min-1. 

3.3.7. PCR amplification and analysis of lin Genes 

Total genomic DNA from the S6 and S8 bacterial isolates was harvested using Quick-DNA 

Fungal/Bacterial Kit (Zymo Research) according to the manufacturer’s instructions. The genes 

responsible for HCH degradation (lin genes) were amplified by PCR using primers described 

previously by Kumari et al. (2002) (appendix 1, Table S1). The PCR products were sent for 

sequencing at Macrogen Europe Laboratory (Amsterdam, Netherlands). The resulting 
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sequences were translated to proteins using the NCBI Open Reading Frame (ORFs) finder tool 

(https://www.ncbi.nlm.nih.gov/orffinder/) using default settings. The resulting protein 

sequences were used for BLAST searches in the GenBank/EMBL databases using the BLASTp 

algorithm with default settings and later analyzed using the same procedure as that of 16S 

rRNA described in section 3.3.3. 

3.3.8. Genome sequencing of the bacterial isolates 

Aliquots of 48h LB cultures grown at 30 ⁰C were used for genomic DNA extraction using 

Wizard genomic DNA purification kit (Promega, USA) and quantified using a Qubit 

fluorometer (Thermo Fisher Scientific, USA). NEBNex Ultra II FS DNA library kit (New 

England Biolabs, USA) was used to prepare a paired-end 300-bp library for genome 

sequencing on Illumina MiSeq platform according to the manufacturer’s instructions. Sickle 

version 1.33 (Joshi & Fass, 2011) with a Phred quality score of  > 30, was used for quality 

control and to trim the raw sequences. SPAdes version 3.15.2 (Bankevich et al., 2012) was 

used to perform De novo sequence assembly, while CheckM version 1.0.8 and RefineM version 

0.0.25 (Parks et al., 2015) were used for quality check and to provide completeness and 

contamination information. Genome annotations were conducted using PROKKA version 

1.14.5 (Seemann, 2014) and on the Rapid Annotation using Subsystems Technology tool kit 

(RASTtk) version 2.0 (Brettin et al., 2015). Default parameters settings were applied for all 

software used. 

3.3.9. Nucleotide sequence accession numbers and protein sequence IDs 

The nucleotide and protein sequence data were submitted to GenBank database. The 16S rDNA 

sequences were submitted under accession numbers MK736101.1 and MK736102.1. The lin 

genes nucleotide sequences were deposited under accession numbers MK883461 – MK883467 

and MK908215 – MK908222 and their corresponding protein sequences were deposited under 

accession numbers QGJ16213.1 – QGJ16219.1 and QGJ16206.1 – QGJ16212.1 for 

Sphingobium sp. strain S6 and Sphingobium sp. strain S8 respectively. These whole-genome 

shotgun projects were been deposited to ENA/DDBJ/GenBank under accession numbers 

CAJHOG000000000 and CAJHOH000000000 for Sphingobium sp strain S6 and Sphingobium 

sp strain S8, respectively. The versions described in this paper are CAJHOG010000000.1 and 

CAJHOH010000000.1 for Sphingobium sp strain S6 and Sphingobium sp strain S8, 

respectively. Raw data is available at ENA under the accession numbers ERR4392070 and 

ERR4392071. All these were added as part of the Bioproject PRJEB39494. 
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3.4. Results 

3.4.1. Enrichment and isolation of HCH-degrading bacterial strains 

The contamination level of the soil sample as assessed by quantification of residual HCH 

isomers by GC-MS analysis were as follows: (in µg/g soil: α-HCH~3.02, β-HCH~6.11, γ-

HCH~0.88, δ-HCH~122.5). In addition to HCH isomers, p,p’ DDT, m,p’DDD, dieldrin, 

endrin, endrin ketone, isodrin, parathion E605, 1,2,4,5 tetrachlorobenzene and naphthalene 

were also detected in the collected soil samples, indicating heavy contamination levels at the 

site. Two yellow-pigmented HCH-degrading bacterial isolates (designated, strain S6 and strain 

S8) were obtained by enrichment culture and plate clearance assays. The colorimetric 

dechlorinase assay further confirmed the HCH degrading capacity of the two bacterial isolates 

for all HCH isomers as demonstrated by the color change of phenol red dye from red to yellow 

indicating chloride ion release as per the assay protocol (Phillips et al., 2001). Wells with β-

HCH however, showed a slight color change after 24h incubation period indicating moderate 

degradation of β-HCH by both bacterial isolates. No color change was observed in the control 

wells (Figure 3.1). 

 

Figure 3.1: A Colorimetric assay used for testing HCH isomer degradation based on the 

dechlorination activity of haloalkane dehalogenase using cell-free extracts of the bacterial 

strains. The reaction mixture was incubated for 24hrs. Wells (A), (B), (C), and (D) represents 

150µg/ml of each α-, β-, γ-, and δ-HCH respectively. Row (a) wells represents the control 

(buffer), while rows (b) and (c) wells represent active reaction mixtures containing cell-free 

extract from Sphingobium sp. strain S6 and Sphingobium sp. strain S8 respectively. The assays 

were conducted in triplicate. 

3.4.2. Molecular identification and physiological properties of the bacterial 

isolates 

Identification of the two bacterial isolates (strains S6 and S8) was done using 16S rDNA gene 

sequencing because of its robustness, accuracy, and reproducibility (Clarridge, 2004). 

Phylogenetic analysis based on 16S rDNA partial sequences revealed that the two bacterial 

isolates were affiliated with the genus Sphingobium and clustered together with Sphingobium 

quisquiliarum P25, a known HCH-degrader (Bala et al., 2010), Sphingobium fuliginis TKP, a 
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phenanthrene degrading bacterium (Prakash & Lal, 2006), and, Sphingobium barthaii KK22, 

a hydrocarbon-degrading bacterium (Maeda et al., 2015) with a posterior probability value of 

86% (Figure 3.2). The 16S rDNA gene sequences exhibited the highest sequence identities 

with S. quisquiliarum P25 at 98.14% and 98.00% for strains S6 and S8 respectively. A 

summary of the phenotypic and biochemical properties of the two bacterial isolates (strains S6 

and S8) with the closely related Sphingobium strains is shown in Table 3. Typically, they 

appeared yellow, circular with a diameter of ca. 2 mm, raised and with an entire margin on LB 

agar within 3–4 day of incubation at 30⁰C. The two bacterial isolates could be distinguished 

from each other from their biochemical and physiological properties. Their zeta potential and 

water contact angle values also suggested that they had different surface properties possibly 

resulting from different membrane lipids (Table 3.1). Based on these results, the bacterial 

strains S6 and S8 were tagged as Sphingobium sp. strain S6 and Sphingobium sp. strain S8 

respectively. 

3.4.3. Biodegradation of HCH isomers by the bacterial strains 

The two isolated Sphingobium strains degraded ~98% of α-HCH, ~99% of γ-HCH, ~94% of 

δ-HCH, and slightly more than 55% of β-HCH when exposed to an equal mixture of 34.4µM 

of each HCH isomer for 24 hours (Figure 3.3, appendix 1 Table S2.1). The degradation rates 

of γ-HCH were higher than those of α- and δ-HCH (p < 0.041) while no significant difference 

(p > 0.12) in the degradation rates of α- and δ-HCH was observed in both Sphingobium strains 

(Figure 3.3). β-HCH was observed to have the least removal rete. The removal rates of HCH 

isomers were therefore in the order γ-HCH > δ-HCH ≈ α-HCH > β-HCH. The degradation 

metabolites could, not be identified possibly due to low concentrations.    
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Figure 3.2: Phylogenetic tree based on 16S gene sequences showing the relationship between 

the two bacterial strains (Sphingobium sp. strain S6 and Sphingobium sp. strain S8) with related 

HCH degrading bacterial species. The tree was constructed using the Bayesian inference of 

phylogeny that is based on the Markov Chain Monte Carlo (MCMC) method in MrBayes. 

Numbers at the nodes indicate the percentage of posterior probabilities indicating the 

topological robustness of the Phylogenetic tree. Pseudomonas putida strain NBRC 14164 was 

used as an outgroup to root the tree.     

 

 

 

 

 

 

 



40 
 

Table 3.1: Comparative morphological and physiological characteristics of Sphingobium 

strains S6 and S8 with other phylogenetically closely related members of Sphingobium species. 

Strains:1, Sphingobium sp. strain S6; 2, Sphingobium sp. strain S8 (data from this study); 3, 

Sphingobium quisquiliarum P25 (data from Bala et al., 2010); 4, Sphingobium fuliginis TKP 

(data from Prakash and Lal, 2006); 5, Sphingobium barthaii KK22 (data from Maeda et al 

2015). Symbols: +, positive; W, weakly positive; –, negative; ND, no data available. 

Characteristics 1* 2* 3 4 5 

Morphological:      

Colony shape Circular Circular Circular Circular Circular 

Colour Yellow Yellow Yellow Yellow Yellow-light 

brown 

Motility – – – –  +  

Water contact angle (degree) 82 66 ND ND ND 

Zeta potential (mV) – 38 – 43 ND ND ND 

Physiological:           

Growth at      

1% NaCl  ++  +   +   +  ND 

4% NaCl – – W  +  ND 

8% NaCl – – W – ND 

pH 5 – – W  +   +  

pH 6  ++  ++ W  +   +  

Assimilation of carbohydrates:      

Glucose  ++  +   +   +   +  

Galactose  ++  ++  +  ND  +  

Fructose  +   +   +  ND  +  

Sucrose – –  +  –  

Cellobiose – –  +  ND  +  

Mannitol –  +  – – – 

Raffinose – –  +  ND – 

Sorbitol – –  +  – – 

Trehalose – –  +  ND  +  

L-Aspartic acid ++ + ND ND ND 

Methyl pyruvate ++ + ND ND ND 

p-Hydroxy-phenylacetic acid ++ + ND ND ND 

*Data from this study: –, negative; +, weakly positive; + +, strong positive  
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Figure 3.3: Degradation profiles of HCH isomers by the bacterial strains. Panels (A), (B), (C) 

and (D) represents the degradation profile of α-, β-, γ-, and δ-HCH respectively. ● 

(Sphingobium sp. strain S6), ○ (Sphingobium sp. strain S8) ▼ (Abiotic control). The reaction 

mixtures contained 10µg/ml (34.4µM) of each HCH isomer and the values are means of 

triplicate experiments
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Table 3.2: Summary of the comparison of Lin genes protein sequences from Sphingobium sp. strain S6 and Sphingobium sp. strain S8 with their 

closest match from PDB and UniprotKB/TrEMBL databases 

Lin 

Gene 

GenBank Accession No. 

 

(Protein IDs) 

Size (bp)  

(aa)  

Highest percent (%) 

sequence identity/ 

similarity (aa) 

Most closely related bacterial species (based on % protein sequence 

identity/similarity) 

 S6 S8  S6 S8 S6 S8 Bacteria Accession No. Reference 

LinA MN649851.1 

(QGJ16213.1)  

  

MN649844.1 

(QGJ16206.1)  

468 

(156) 

450 

(150) 

98.7/98.7 93.5/94.2 S. japonicum UT26S 

S. indicum B90A 

S. francense Sp+ 

Sphingomonas sp. γ16-1 

Sphingomonas sp. α1-2 

BAI96690.1 

APL95055.1 

AAU11089.2 

CAI43919.1 

CAI43920.1 

(Nagata et al., 2010) 

(Anand et al., 2012) 

(Cérémonie et al., 2006) 

(Mohn et al., 2006) 

(Boltner et al., 2005) 

LinB MN649852.1 

(QGJ16214.1) 

 MN649845.1 

(QGJ16207.1) 

888 

(296) 

872 

(291) 

98.6/99.3 95.9/96.9 P. aeruginosa ITRC-5 

Sphingobium sp. TKS 
 

ABP93361.1        

AMK21182.1 

 

(A.K. Singh et al., 2007) 

(Tabata et al., 2016) 

LinC MN649853.1 

(QGJ16215.1)  

MN649846.1 

(QGJ16208.2) 

807 

(250) 

750 

(250) 

100/100 99.2/99.6 S. japonicum UT26S 

Sphingomonas sp. 

NM05 

BAI95393.1 

ABG77568.1 

(Nagata et al., 2010) 

(Manickam et al., 2008) 

LinD MN649854.1 

(QGJ16216.1)  

MN649847.1 

(QGJ16209.1) 

1050 

(346) 

1033 

(344) 

99.4/100 99.1/99.4 S. japonicum UT26S sp|D4Z909.1 (Miyauchi et al., 1998) 

LinE MN649855.1 

(QGJ16217.1)  

 MN649848.1 

(QGJ16210.1)  

975 

(321) 

951 

(317) 

99.6/99.6 98.1/98.4 S. japonicum UT26S Q9WXE6.1 (Miyauchi et al., 1999) 

LinR MN649856.1 

(QGJ16218.1)  

MN649849.1 

(QGJ16211.2) 

922 

(301) 

883 

(308) 

98.6/99.0 97.2/97.9 S. japonicum UT26S 

S.  baderi LL03 

Q9ZN79.3 

EQA99717.1 

(Miyauchi et al., 2002) 

(J. Kaur et al., 2013) 

LinX MN649857.1 

(QGJ16219.1)  

 MN649850.1 

(QGJ16212.1) 

750 

(250) 

749 

(250) 

100/100 100/ 100 S. japonicum UT26S BAI96692.1 (Nagata et al., 2010) 
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Figure 3.4: Multiple sequence alignment of haloalkane dehalogenase (LinB) of Sphingobium 

sp. strains (S6 and S8) and their homologs from known HCH-degrading bacteria. The LinB 

sequences and accession numbers are as follows: UT26S; S. japonicum UT26 (BAI96793.1), 

B90A; S. indicum B90A (APL96138.1), Sp+; S. francense Sp+ (AAX07227.1), TKS; 

Sphingobium sp. TKS (AMK21182.1), ITRC-5; P. aeruginosa ITRC-5 (ABP93361.1), S6; 

Sphingobium sp. Strain S6 (QGJ16214.1) and S8; Sphingobium sp. Strain S8 (QGJ16207.1).  

3.4.5. Analysis of the draft genome sequences 

The draft genomes of the two Sphingobium species had 42 and 44 contigs, with total lengths 

of 4,173,956bp and 4,170,555bp for Sphingobium sp strain S6 and Sphingobium sp strain S8 

respectively. Both genomes had 99.2% completeness, 2.06% contamination, and %GC content 

of 62.4 and 62.53 for Sphingobium sp strain S6 and Sphingobium sp strain S8 respectively. The 

details of the final annotations are summarized in Table 3.4. Previous reports show that HCH-

degrading Sphingomonads share the same degradation pathway that requires linA through linF 

genes (Boltner et al., 2005; Lal et al., 2010).  Further analysis of the draft genomes revealed 

the presence of one copy each of linA, linB, linC, linD, linE, linF, linG, and linH, two copies 

each of linJ, linR, and linX. Annotation by RASTtk showed the presence of gene clusters for 

degradation of xenobiotic compounds such as 1,1,1-trichloro-2,2-bis(4-chlorophenyl) ethane 

(DDT), 1,4-dichlorobenzene, tetrachloroethene, 2,4-dichlorobenzoate, fluorobenzoate, 
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benzoate, toluene, and xylene. Gene clusters for the potential production of carotenoids were 

also predicted using antiSMASH version 6.0.0 (Blin et al., 2019). 

3.5. Discussion 

3.5.1. Identification of bacterial isolates and determination of HCH degradation 

In the present study, two HCH-degrading bacteria were isolated from contaminated soil 

collected from a former obsolete pesticide store in, Kenya. Based on 16S rDNA sequencing 

the isolates were affiliated with members of the genus Sphingobium. A phylogenetic 

comparison of the isolates with previously described members of the genus Sphingobium 

(Figure 3.2) showed that the isolates were closely related to an established HCH-degrader S. 

quisquiliarum P25 (Bala et al., 2010), and were therefore designated Sphingobium sp. strains 

S6 and S8 respectively. The recent emergence of novel HCH-degrading sphingomonads from 

different geographical locations around the globe underscores the prominent role of this genus 

in HCH degradation (Boltner et al., 2005; Lal et al., 2006, 2010; Mohn et al., 2006; Nayyar et 

al., 2014). The water contact angle values of the two Sphingobium isolates (82⁰ and 66⁰, Table 

3.1) suggests that they have a moderately hydrophobic surface (Yuan et al., 2017). The outer 

membrane of sphingomonads are thought to contain glycosphingolipids in place of 

lipopolysaccharides (LPLs) which provides highly hydrophobic surface that would facilitate 

the assimilation of hydrophobic compounds like HCH (Boltner et al., 2005; Kawahara et al., 

1999; White et al., 1996). 

All four isomers of HCH were degraded by the isolated Sphingobium strains. More than 95% 

of α-, γ-, and δ-HCH and slightly more than 55% of β-HCH were degraded when the isolates 

were exposed to 34.4µM of each isomer in a mixture for 24 hours (Figure 3.3). The HCH 

removal rate of the isolates was in the order γ-HCH > δ-HCH ≈ α-HCH > β-HCH. The removal 

rates of the same isomers were not significantly different between the two bacterial isolates 

except for the degradation of α-HCH. The degradation capacity of these isolates is thought to 

result from their adaption to highly polluted soil from which they were isolated. These findings 

are consistent with previous studies in which HCH-degrading microbes were predominantly 

isolated from polluted environments (Boltner et al., 2005; Manickam et al., 2008; Mohn et al., 

2006; Sahu et al., 1990; Senoo & Wada, 1989). S. indicum B90A isolated from sugarcane fields 

treated with commercial formulations of HCH in India, was the first bacterial strain reported 

to degrade all four isomers of HCH (Sahu et al., 1990). In their study, Sahu et al. (1990) 

reported that S. indicum B90A could degrade 28 µM of HCH isomers within 28 hours. Wu et 

al. (2007) also showed that Sphingobium sp. BHC-A, isolated from HCH contaminated upland 
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field in China (Ma et al., 2005), completely mineralized 17 µM each of γ-HCH, α- and δ-HCH, 

as well as β-HCH within 6, 10, and 12 hours respectively. More recently three Sphingobium 

species (namely; BHC-B, BHC-C, and BHC-D) isolated from a former industrial dumpsite in 

China were shown to degrade 170 µM of each HCH isomers over 7 days at different rates (Cao 

et al., 2013). On the other hand, S. japonicum UT26 isolated from γ-HCH contaminated upland 

field in Japan was demonstrated to completely mineralize 17 µM of γ-HCH within 4 hours 

(Senoo & Wada, 1989). S. japonicum UT26, however, only partially degraded α- and δ-HCH, 

but not β-HCH (Ma et al., 2005). The absence of β-HCH degradation capacity was also 

observed in S. francense Sp+ isolated from γ-HCH contaminated French soil (Dogra et al., 

2004). S. francense Sp+ was, however, shown to completely mineralize 3.4µM γ-HCH 

supplied in a liquid medium as a sole carbon source within 3 days (Thomas et al., 1996). These 

findings display the diversity of HCH degradation in the environment. 
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Table 3.4: Summary of the draft whole-genome sequences of HCH degrading Sphingobium strains isolated from HCH contaminated site in 

Kitengela, Kenya. Phylogenetic-related neighbors were computed based on Average Nucleotide Identity (ANI) (Goris et al., 2007) analysis.

 

Strains 

  

NCBI accession no. 
No. of 

contigs 

 

N50 (bp) 

 

Average 

coverage 

(X) 

Genome 

size (bp)  
GC% 

No. of 

rRNAs 

No. of 

tRNAs 

No. of 

tmRNA 

No. of 

coding 

sequences 

Transposon 

families 
Closest Phylogenetic neighbors (% ANI)* 

Sphingobium 

sp. strain S6 
CAJHOG000000000.1 
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538,820 

 

 

 

 

48.72 
4,173,956 62.40 3 49 1 4,015 

IS21(n=2) 

ISNCY(n=1) 

IS3(n=2) 

IS5 (n=1) 

IS630 (n=1) 

IS256 (n=1) 

IS481 (n=1)  

Sphingobium sp. starin S8 (99.96)       

Sphingobium indicum B90A (85.93)                                              

Sphingobium japonicum UT26S (85.51) 

Sphingobium quisquiliarum P25 (83.88) 

Sphingobium chlorophenolicum L-1 (83.65)          

Sphingobium 

sp. strain S8 
CAJHOH000000000.1 
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454,689 

 

 

 

36.73 4,170,555 62.53 3 47 1 4,039 

IS21(n=2) 

IS5 (n=1) 

IS630 (n=1) 

IS256 (n=1) 

IS481 (n=1)  

Sphingobium sp. starin S6 (99.96)       

Sphingobium indicum B90A (85.76)                                                  

Sphingobium japonicum UT26S (85.41) 

Sphingobium quisquiliarum P25 (83.85)   

Sphingobium chlorophenolicum L-1 (83.57)                          
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3.5.2.  Analysis of lin genes 

The presence of lin genes is an indication of the presence of the common pathway reported for 

aerobic HCH degradation (Lal et al., 2006, 2010; Nagata et al., 2007; Nayyar et al., 2014). Most 

of the lin gene sequences identified from the two Sphingobium isolates showed high similarities 

(> 97) with related sequences from other HCH degraders (Table 3.2) except for a few mutations 

(Table 3.3). The presence of lin genes was further confirmed by the analysis of the draft genomes 

of the two Sphingobium isolates. Previous studies have revealed that HCH-degrading 

sphingomonads have substantially identical lin genes, implying that they have similar HCH 

degradation pathways (Boltner et al., 2005; Cao et al., 2013; Mohn et al., 2006; Pal et al., 2005). 

Horizontal gene transfer by plasmids, transposons, and other conjugative elements is thought to 

have resulted in the isolation of identical lin genotypes predominantly from sphingomonads across 

the globe (Boltner et al., 2005; Lal et al., 2006). The lin genes identified from this study had high 

similarities with those found in S. japonicum UT26 except linB, which showed differences at five 

positions (Figure 3.4) that are thought to lie within the active site. Similar differences were 

observed between LinB from S. indicum B90A/Sphingobium sp. BHC-A/Sphingobium sp. MI1205 

and those from S. japonicum UT26/ S. francense Sp+ (Lal et al., 2010). These differences was 

shown to be important in B90A/BHC-A/MI1205 ability to degrade β-HCH to 2,3,5,6-

tetrachlorocyclohexane-1,4-diol (TCDL) through 2,3,4,5,6-pentachlorocyclohexanol (PCHL) , a 

property that is missing in UT26/SP+ (Ito et al., 2007; Lal et al., 2010). Site-directed mutagenesis 

suggests that the presence of Val134 and His247 within the active site increases the activity of 

LinB in B90/BHC-A/MI1205 for the conversion of β-HCH to PCHL and PCHL to TCDL (Ito et 

al., 2007). Other amino acids that have been shown to play a key role in the degradation of β-HCH 

within the active site of LinB from B90/BHC-A/MI1205 include, Thr81, Val112, Thr135, Leu138 

and Ile253 (Ito et al., 2007; Lal et al., 2010). The presence of Val134, Ser247 and unique mutation, 

Met138 in LinB observed from this study could be responsible for the moderate degradation 

capacity of β-HCH observed in the two Sphingobium strains. Further investigations are however 

needed to validate this hypothesis. 
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3.6. Conclusion 

Two HCH-degrading Sphingobium strains (S6 and S8) that are closely related to S. quisquiliarum 

P25, a known HCH-degrading bacteria were isolated. The two strains could degrade all the four 

HCH isomers and also harbored lin genes with high sequence similarity to those reported from S. 

japonicum UT26 except LinB which had five mutations compared to that found in S. japonicum 

UT26. The observed LinB mutations are thought to be important for the moderate β-HCH 

degradation capacity of the two bacterial isolates. This research, therefore, adds to the diversity of 

HCH degraders and that of LinB sequences which would aid in unraveling the molecular 

mechanism of degradation and bioremediation of the recalcitrant β-HCH. The availability of the 

genome sequences of the two Sphingobium species would add valuable information on the 

diversity of HCH degraders and that of lin genes that would provide insights into the molecular 

mechanism of HCH degradation. 
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CHAPTER FOUR  

4.0 Mycelial mediated translocation of hexachlorocyclohexane (HCH) in a water 

unsaturated system 

4.1. Abstract 

The ability of filamentous fungi to translocate material across their mycelial networks enables 

them to flourish in heterogeneous environments like soil. By growing hyphal networks, mycelial 

fungi have been shown to access resources from remote locations and transport them across air-

gaps and pores in soil. This property enables them to tolerate harsh and toxic conditions that are 

inhospitable to other microorganisms like bacteria. Recent studies have demonstrated the role of 

mycelial networks in the translocation of water, nutrients, and other nonessential compounds such 

as polycyclic aromatic hydrocarbons (PAHs). In the present study, we investigated the role of 

mycelia as transport networks for organochlorine pesticides using hexachlorocyclohexane (HCH) 

isomers as model compounds. To achieve this, a laboratory-based microcosm system was 

developed to simulate the air-water interface in soil, while a non-white-rot fungus (non-WRF) 

previously isolated from HCH-contaminated soil was used as a model organism. The fungus was 

identified as Fusarium equiseti by a combination of ITS gene sequencing and whole genome 

sequencing. The draft genome was 37.88 Mb in size with 12,311 predicted protein-coding 

sequences, 261 tRNA sequences, and gene clusters previously described in other Fusarium 

species. The fungus poorly degraded HCH isomers in liquid culture with HCH removal rate in the 

order β > α > δ > γ, while 1,3,5-trichlorobenzene and 1,3,5-trichloromethoxy benzene were 

identified as degradation metabolites. Quantification of HCH amounts in the lab-based microcosm 

systems after the exclusion of vapor-phase transport demonstrated active mycelia as the main path 

for HCH transport. Our results revealed isomer-specific transport of HCH in the order β ≈ δ < α < 

γ that was likely influenced by their octanol-air partition coefficients (log KOA) and solubilities. 

The isomers with lower log KOA (< 7.8) were more effectively mobilized along active mycelium. 

Mycelial mediated dispersal of HCH, therefore, provides the potential to improve their 

bioavailability and bio-accessibility in heterogeneous environments. 
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4.2. Introduction 

Microbial degradation of hexachlorocyclohexane (HCH) is an important process in bioremediation 

and has attracted attention as an ecofriendly method for cleaning up polluted sites (Guillén-

Jiménez et al., 2012; Nagpal et al., 2008; Zhang et al., 2020). While both bacteria (Lal et al., 2010; 

Nagata et al., 2007; Nayyar et al., 2014; Nayyar & Lal, 2016) and fungi (Guillén-Jiménez et al., 

2012; Nagpal et al., 2008; Sagar & Singh, 2011; Singh & Kuhad, 1999, 2000) are important HCH 

degraders in soil, complete mineralization of HCH has only been reported in bacteria (Lal et al., 

2006, 2010). However, bacterial degradation is normally limited by the tendency of organic 

contaminants (such as HCH) to adsorb onto organic matter, thereby decreasing their accessibility 

to degraders (Furuno et al., 2010, 2012; Harms et al., 2011). In contrast to bacteria, mycelial fungi 

possess non-specific extra-cellular enzyme system that enables them to co-metabolically degrade 

complex mixtures of contaminants even in conditions inhospitable for bacterial growth (Nagpal et 

al., 2008; Wick et al., 2010). Mycelial growth provides deeper penetration into soil particles and a 

large surface area for absorption, thus enhancing the bioavailability of poorly soluble compounds 

such as HCH (Nagpal et al., 2008; Sagar & Singh, 2011). HCH biodegradation by fungi has 

extensively been studied using white-rot fungi (WRF), which have been shown to possess an 

efficient enzyme system for the degradation of a variety of xenobiotic compounds (Kaur et al., 

2016; Mougin et al., 1996; Singh & Kuhad, 1999, 2000). Despite the high HCH degradation 

efficiency, WRF are slow growing and require an oxygen-rich environment for their growth 

(Nagpal et al., 2008; Sagar & Singh, 2011). The use of non-white-rot fungi (non-WRF) for 

bioremediation has therefore attracted attention because of their rapid growth without the need for 

an oxygen-rich environment. Their mycelial structures therefore provide deeper penetration in soil 

and a larger surface area for absorption of contaminants (Guillén-Jiménez et al., 2012; Nagpal et 

al., 2008). In this context, several HCH degrading non-WRF including Fusarium verticillioides 

AT-100 (Guillén-Jiménez et al., 2012), Fusarium poae, Fusarium solani (Sagar & Singh, 2011) 

and Conidiobolus 03-1-56 (Nagpal et al., 2008) have recently been reported. 

The soil environment exhibits physical and temporal heterogeneities ranging from the nanometer 

to the kilometer scale (Wick et al., 2010; Young & Crawford, 2004). To adapt to a such 

heterogeneous environment, filamentous fungi develop a dense network of mycelial structures 

which enable them to optimally exploit new resources in a patchy resource environment (Boswell 

et al., 2002; Heaton et al., 2012). Despite the hyphal microscopic nature (with diameters in the 



51 
 

range of 2 – 10µm), fungi are among the largest living organisms in soil with reported network 

lengths of between 102 and 104m g-1 of topsoil (Furuno et al., 2012; Ritz & Young, 2004). Fungi 

are therefore thought to represent up to 75% of soil microbial biomass with a dry biomass of 0.05 

– 1 mg g-1 of dry soil (Furuno et al., 2012; Ritz & Young, 2004; Wick et al., 2010). The ability of 

fungal mycelia to grow over surfaces and through pores and air gaps, coupled with the secretion 

of hydrophobins (small hydrophobic proteins) on their hyphal surfaces, enable them to cross the 

water-air barrier and to grow between soil particles (Wessels, 1996; Wick et al., 2010; Wösten et 

al., 1999). Their growth in patchy environments like soil is facilitated by intracellular translocation 

of material (nutrients) across the mycelial network (Bebber et al., 2007; Boswell et al., 2002; 

Darrah et al., 2006). To sustain their mycelial networks, filamentous fungi have evolved a highly 

polarized internal cellular architecture that supports hyphal tip extension (Darrah et al., 2006; 

Furuno et al., 2012; Wick et al., 2010). Translocation of hyphal cellular material involves a 

complex extended vacuole that forms interconnected networks, linked by tubules that are thought 

to act as channels (“fungal pipelines”) for active and diffusive longitudinal transport over distances 

of millimeters to centimeters (Darrah et al., 2006; Furuno et al., 2012; Glass et al., 2004). 

Strong adsorption of xenobiotic compounds and reduced mobility of bacterial degraders 

particularly in water and nutrient-deficient zones, limits the bioavailability of organic contaminates 

in soil (Harms et al., 2011; Semple et al., 2004). Transport of organic contaminants to active 

degraders at substantial mass fluxes is therefore necessary for their efficient transformation by 

microorganisms (Furuno et al., 2012; Wick et al., 2010). Active translocation of cellular material 

by fungal mycelia observed in previous studies (Darrah et al., 2006; Furuno et al., 2012), led to 

the exploration of their ability to transport non-essential compounds such as hydrophobic organic 

contaminants (Furuno et al., 2012). To this end, fungal mycelia have recently been reported to take 

up and actively transport otherwise immobile polycyclic aromatic hydrocarbons (PAH) in water-

unsaturated soil over distances of centimeters (Furuno et al., 2012; Schamfuß et al., 2013, 2014). 

These studies demonstrated increased bioavailability of PAH to degrading bacteria following 

mycelial transport. In the present study, we used GC chemical analysis and a non-white-rot soil 

fungal species (Fusarium sp.) isolated from HCH-contaminated soil as model organisms to test 

the hypothesis that mycelial structures are effective transport vectors for HCH isomers. To our 

knowledge, our data demonstrate for the first-time active transport of HCH isomers along fungal 
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mycelia. In addition, our data suggest isomer fractionation during transport that is correlated with 

their differences in physicochemical properties such as log KOA and solubility.  

4.3. Materials and Methods 

4.3.1. Chemicals and reagents 

Hexane (LiChrosolv grade), acetone (99.8%), γ-HCH (97%), and HCH Mix (HCH analytical 

standard mixture of isomers, α: β: γ: δ = 1:1:1:1), were either purchased from Sigma (Munich, 

Germany) or Merck (Darmstadt, Germany) and were of analytical grade. PCR primers used were 

purchased from Integrated DNA Technologies (IDT, Iowa USA), while kits necessary for PCR 

amplification were purchased from Roche (Mannheim, Germany). 

4.3.2. Isolation and identification of the fungal strain 

Inverted Petri dish microcosms previously described by Bravo et al. (2013) served as the isolation 

system of the fungal strain. For this purpose, five grams of moist HCH-contaminated soil was 

placed at the center of the Petri dish cover, leaving a 5mm air gap between the soil sample and the 

target agar (Figure 4.1). A minimum salt medium (MSM) previously described by Senoo & Wada, 

(1989) supplemented with 100 µg/mL HCH was used as the target agar. The composition of the 

MSM was (in gL-1): 1 g K2HPO4, 1 g KH2PO4,1 g NH4NO3, 0.2 g MgSO4.7H2O, 5 mg Fe(SO4), 5 

mg Na2MoO4.2H2O, 5 mg MnSO4.4H2O and pH set at 7 (Senoo & Wada, 1989). The microcosms 

were incubated in the dark at 25 ⁰C until fungal hyphae touched the target agar (~7 days). Fresh 

mycelia from the periphery of the target agar were repeatedly (~5 to 6 times) sub-cultured on 

potato dextrose agar (PDA) and observed under a microscope to obtain pure cultures. A fungal 

isolate designated as strain-K3 was obtained following several subsequent purification steps. For 

molecular identification of the fungal isolate, fresh mycelium obtained from the periphery of a 7-

day PDA culture plate overgrown with the fungus was used for genomic DNA (gDNA) extraction 

using Wizard genomic DNA purification kit (Promega, USA), then quantified using a Qubit 

fluorometer (Thermo Fisher Scientific, USA). The extracted gDNA was subjected to PCR 

amplification and gene sequencing of the internal transcribed spacer (ITS) region using the 

universal ITS1 (5’…TCCGTAGGTGAACCTGCGG…3’) and ITS4 

(5’…TCCTCCGCTTATTGATATGC…3’) primers according to Guillén-Jiménez et al. (2012). 

The ITS sequence was used for BLAST searches in the GenBank database at NCBI using the 

BLASTn algorithm with default settings, the database set at ITS from fungi type and reference 
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material, and optimized for highly similar sequences (Altschul et al., 1990). Twenty homologous 

ITS sequences with sequence identities of 99.82 – 100% and sequence coverage of 99 – 100% 

were retrieved from the database and analyzed using the Bayesian phylogenetic approach in 

MrBayes, version 3.1.2 (Huelsenbeck & Ronquist, 2001) as described in section 3.3.3. 

4.3.3. Genome sequencing of the fungal strain 

Fresh mycelium obtained from the periphery of a 7 days culture plate overgrown with the fungus 

was used for genomic DNA extraction using Wizard genomic DNA purification kit (Promega, 

USA), then quantified using a Qubit fluorometer (Thermo Fisher Scientific, USA).  Paired-end 

300-bp library for genome sequencing on Illumina MiSeq platform was prepared using the 

NEBNext Ultra II FS DNA library prep kit (New England Biolabs, USA) according to the 

manufacturer’s instructions. This resulted in a total of 2,602,796 paired-end reads. Sickle version 

1.33 (Joshi & Fass, 2011), with a Phred quality score of >30 was used for quality control and to 

trim the sequences. De novo sequence assembly was performed using SPAdes version 3.15.2 

(Bankevich et al., 2012), while QUAST version 5.0.2 (Gurevich et al., 2013) and BUSCO version 

5.0.0 (Simão et al., 2015) with fungi_odb10 database were used for quality check and 

completeness of gene space within the assembly. The MAKER pipeline v2.31.11 (Cantarel et al., 

2008) was used to perform genome annotation. AUGUSTUS version 3.4.0 (Stanke et al., 2006) 

and SNAP version 2013 11 29 (Korf, 2004) were used for ab-initio gene prediction,  using 

Fusarium graminearum PH-1 (accession number: AACM00000000.2) as the training species. For 

all software used, default parameter settings were applied. The whole-genome shotgun project was 

deposited to ENA/DDBJ/GenBank under accession number CAJSTJ000000000. The version 

described here is the first version CAJSTJ010000000.1. Raw data is available at ENA sequence 

reads archive (SRA) under the BioProject number PRJEB39686, BioSample number 

SAMEA7112172, and SRA number ERR4398881. 

4.3.4. HCH degradation assay in liquid medium 

HCH biodegradation assays were performed in 100 mL head space GC vials containing 20 ml 

MSM (Senoo & Wada, 1989) supplemented with 100 µg mL-1 of each HCH isomer. To prepare 

the fungal inoculum, 20 mycelial discs (Ø 10mm) scraped off from the periphery of a 7-day PDA 

culture plate were homogenized in 20 mL MSM. Aliquots of 2 mL of the fungal suspension were 

then added to the reaction mixture. Controls were prepared by adding 2 mL of killed (autoclaved) 
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fungal suspension to the reaction. The vials were incubated in a rotary shaker at 25 ⁰C and 150 

rpm. At specific time intervals (0, 7, 14, 21, and 28 days) the experimental and control vials were 

used for extraction and GC analysis of residual HCH in the reaction mixture. All experiments were 

conducted in triplicate and the computed results are means of triplicate samples. 

4.3.5. Quantification of HCH transport along fungal mycelia 

The experiment was conducted in a laboratory-based microcosm system designed to mimic air-

water interfaces in soil according to Schamfuß et al. (2014) (Figure 4.2). The fungal isolate K3 

from this study was used as a model organism. Circular PDA agar patches (P1, P3, and P4, Ø 10 

mm) were placed on either side of the curved MSM agar patch (P2) leaving gaps of 8 and 2 mm 

between them. An aliquot of 25 µg (10 µL) of each HCH isomer dissolved in dimethyl sulfoxide 

(DMSO) was placed inside a well (Ø 5 mm) dug out of PDA patch P1 and covered with (F)PDA 

(Ø 10mm) freshly overgrown with mycelium from the fungal isolates. A mechanical barrier 

consisting of agar patch P2 and a Petri dish (Ø 5.5 cm) was placed between agar patch P1 and P3 

to prevent airborne HCH transport. In the control setups, the MSM agar patch (P2) that served as 

the mechanical barrier was amended with 0.2g L-1 of the fungicide, cycloheximide to prevent 

mycelial growth across the P2 agar patch. To further minimize gaseous HCH concentration, four 

agar patches (Ø 10 mm) containing 0.06 g mL-1 activated charcoal were included in the microcosm 

setup. Parallel experiments including those with active mycelia and killed mycelia were prepared 

to distinguish active HCH transport and transport due to passive diffusion. For all the microcosm 

setups HCH extraction from agar patch P3 and P4 and quantification by gas chromatography was 

conducted in four replicates after a 14-day incubation period.
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Figure 4.1: An illustration of the inverted Petri dish system that was used in the isolation of fungi 

(adapted from Bravo et al., 2013) and photographs of culture plates and microscopy of the fungal 

isolates. 
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Figure 4.2: Scheme of the lab-based microcosm model used for the investigation of mycelial-

mediated transport of HCH. The agar patches were placed on top of a glass slide that had three 

small cavities. Twenty-five µg of each HCH isomer were placed inside a well (Ø 5 mm) dug in 

the middle of P1 agar patch. (F)PDA patch cut from 7-day-old culture plates of the respective 

fungal isolates was placed on top of agar patch P1from the side overgrown with mycelia. A curved 

MSM agar patch (P2) was placed between agar patch P1 and P3 to create a mechanical barrier for 

the gas-phase transport of HCH together with the lid of the Petri dish (Ø 5.5 cm). Four activated 

charcoal agar patches were included in the setup to minimize gaseous HCH concentration. Adapted 

from Schamfuß et al., (2014). 

4.3.6. Extraction and analytical methods 

4.3.6.1. Quantification of HCH degradation 

To monitor HCH degradation in liquid culture, triplicate bottles were sacrificed by the addition of 

a few drops of concentrated HCl and prepared for extraction of residual HCH. On day zero, the 

cultures were extracted thrice with 5 mL of the extraction solvent (hexane containing 0.31 µg L-1 

DDT as the internal standard). For every extraction step, the bottles were then frozen at -20 ⁰C 

overnight to separate the solvent (extract) and the aqueous phase (culture). The extract was then 

transferred into clean glass vials and dried with Sodium sulfate. On the subsequent time points (7, 

14, 21, and 28 days) the grown mycelia were separated from the medium by centrifugation at 

10,000 x g. The mycelial mats were washed twice with 10 mL of distilled water to remove 

adsorbed HCH. The mycelial washings and the medium were separately extracted thrice with 5 

mL of the extraction solvent. The mycelial mats were crushed with sodium sulfate in clean 20 mL 
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headspace GC vials and extracted once with 10 mL and twice with 5 mL of the extraction solvent. 

Extracts from the different repetition steps were pooled and prepared for GC-MS analysis. A 

hundred µL of the extract was mixed with 10 µL of 4-chlorobenzotrichloride and analyzed by GC 

(HP 7890 Series GC, Agilent) with 20 m 0.18 mm 18 µm column (Agilent). Helium was used as 

a carrier gas with a flow rate of 1 mL/min. 

4.3.6.2. Quantification of HCH transport 

To quantify the translocation of HCH along fungal mycelia, agar patches P3 and P4 and their 

associated overlaying mycelium were separately transferred into clean glass vials and crushed with 

sodium sulfate. These were then extracted with 15 mL hexane/acetone (3:1, v/v) containing 0.31 

µg L-1 DDE internal standard by shaking overnight on a horizontal shaker and analyzed by GC as 

described in section 4.3.6.1. Subsequently, the net amounts of HCH transported by active transport 

Aactive were computed by comparing the net amounts transported by live mycelia Amycelium and 

killed mycelia Abiomass at position i = 3 and 4, and time t = 14 days according to equations: 

Aair (i, t) = Amycelium, control (i, t), Abiomass, control (i, t)       eq. 1 

Amycelium (i, t) = Amycelium, test (i, t) – Amycelium, control (i, t)     eq. 2 

Abiomass (i, t) = Abiomass, test (i, t) – Abiomass, control (i, t)      eq. 3 

Aactive (i, t) = Amycelium (i, t) – Abiomass (i, t)       eq. 4 

Where:  

Aair is the amount of HCH recovered from the control set-ups in presence of live or killed 

mycelia. 

Amycelium, test is the amount of HCH recovered from the experimental set-ups in presence of 

live mycelia. 

Abiomass, test is the amount of HCH recovered from the experimental set-ups in presence of 

killed mycelia. 

Thus, Aair is attributed to air-borne transport while Abiomass is the net contribution of passive 

diffusion (eq. 3). Therefore, to compute the net amount of active mycelial transport, Abiomass was 

subtracted from Amycelium (eq. 3). HCH transport by gas-phase diffusion (Aair), biomass-based 

diffusion (Abiomass) and active transport (Aactive) could therefore be distinguished. 
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4.3.7. Data analysis 

Statistical significance testing of the various experimental treatments (experimental setups and 

controls; p < 0.05) was performed on HCH concentrations using analysis of variance (one-way 

ANOVA) and Tukey's HSD (honestly significant difference) in R (version 4.2.0). The differences 

between individual means were computed with the student's t-test. The line graphs were plotted in 

sigma plot version (14.0) while the box plots were plotted using gg plot in R (version 4.2.0). 

4.4. Results 

4.4.1. Isolation and identification of the fungal strain 

Identification of the fungal isolate relied on internal transcribed spacer (ITS)-5.8S rRNA gene 

sequencing. A BLAST search (Altschul et al., 1990) of ITS-5.8S rRNA partial sequences revealed 

that the fungal isolates was affiliated to Fusarium equiseti, with sequence identities >99%. Further 

analysis by phylogeny (Figure 4.3), based on homologous ITS-5.8S rRNA sequence of nineteen 

Fusarium species obtained from BLAST searches showed that the fungal isolate clustered with 

members of F. equiseti with a posterior probability of 51%. The fungus was more closely related 

to F. equiseti strain UOA/HCPF 47B (KC254029.1) and Fusarium sp. isolate RM33 

(MG664720.1) with posterior probability values of 83% and 92% respectively (Figure 4.3). From 

the tree topology, the fungus was likely to be new member of F. equiseti clade. The ITS-5.8S 

rRNA gene sequence of the fungal isolate was deposited to GenBank at NCBI where it was tagged 

as Fusarium equiseti strain K3 under accession numbers MK734071.1.  

4.4.2. Genome sequencing of the fungal strain 

The genome assembly of F. equiseti strain K3 resulted in 206 contigs with a total length of 

37,882,472 bp (N50 contig length of 601,073 bp and 48.03% GC). Annotation of the draft genome 

resulted in 12,311 predicted protein-coding sequences while analysis of the predicted protein-

coding sequences with BUSCO (Gurevich et al., 2013) and the fungi_odb10 database ( with a total 

of 758 genes) resulted in 749 genes (98.8%) as complete single-copy genes, 3 genes (0.4%) as 

complete duplicated genes, 3 genes (0.4%) as fragmented genes and 3 genes (0.4%) as missing 

genes. A total of 261 tRNA genes were predicted using ARAGORN version 1.2.36 (Laslett, 2004) 

and a total of 34 putative secondary metabolites biosynthetic gene clusters previously reported for 

other Fusarium species were predicted using antiSMASH version 6.0.0 (Blin et al., 2019). These 

included clusters likely to produce; non-ribosomal peptides (Bonsch et al., 2016; Wollenberg et 
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al., 2017), polyketides (Janevska et al., 2016; Miyamoto et al., 2010; Studt et al., 2012), and 

terpenes (Brock et al., 2013; Miyamoto et al., 2010). 

 

 

Figure 4.3: A phylogenetic tree based on internal transcribed spacer (ITS), 5.8S rRNA gene 

sequences depicting the evolutionary relationship of Fusarium equiseti strain K3 (734071.1) with 

other Fusarium species. The tree was constructed in MrBayes, a program for Bayesian inference 

of phylogeny that is based on Markov Chain Monte Carlo (MCMC) method. The topographical 

robustness of the tree is indicated by the percentage posterior probabilities (calculated from 1,000 

samples) at the nodes. The tree was rooted using Phanerochaete sordida strain HHB-9871-sp 

(AY219385.1). 

4.4.3. Biodegradation of and identification of degradation metabolites 

Gas chromatography (GC) analyses of residual HCH in the degradation cultures were conducted 

to demonstrate the biodegradation of the pesticide by the Fusarium strain. The difference between 

HCH levels in the controls and fungal inoculated cultures over the incubation period (28 days) 

indicated the capacity of the fungus to degrade HCH isomers. The results revealed the degradation 

of 35.4% ±6.4%, 51.0% ±12.2%, 28.4% ±2.1%, and 36.9% ±13.3% of 100 µg mL-1 of each α-, β-, 
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γ-, and δ-HCH respectively (Figure 4.4). Interestingly, the fungus appeared to better degrade the 

more recalcitrant HCH isomer (β-HCH) with the degradation of isomers in the order β > δ > α > 

γ. ANOVA revealed statistically significant differences in the degradation of the respective HCH 

isomers [F (3,8) = 10.39; N = 12, p < 0.0039]. GC-MS analysis of the cell-free extract revealed 

the presence of two degradation metabolites in the fungal growth medium after 14 days. The 

metabolites were identified by comparing their mass spectral fragmentation patterns to those in the 

national institute of standards and technology (NIST) mass spectral library (Stein et al., 2008). The 

first metabolite showed a fragmentation pattern with ion fragments of m/z 180, 145, 109, and 75 

identical to that of 1,3,5-trichlorobenzene, while the second metabolite with ion fragments of m/z 

195, 143, and 97 was identified as 1,3,5-trichloromethoxy benzene (Figure 4.5). To our 

knowledge, we report for the first time the presence of these two metabolites in a fungal HCH 

degradation culture.  
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Figure 4.4: HCH degradation profile by F. equiseti strain K3. Panels A, B, C, and D represents α-

HCH, β-HCH, γ-HCH, and δ-HCH respectively. Fungal culture (●), Control (○). 
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Figure 4.5: GC-MS profiles of two metabolites identified as (A) 1,3,5-trichlorobenzene and (B) 

1,3,5-trichloromethoxy benzene. 
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4.4.4. Quantification of mycelial HCH transport in porous media 

Quantification of HCH at positions P3 and P4 (Figure 4.2) after exclusion of gas-phase transport 

(cf. eq. 2) revealed amounts in the range of 0.1µg, 0.1µg, 0.2µg and 0.1µg at position P3 (~1.8cm 

distance) and 0.4µg, 0.1µg, 0.6µg, and 0.1µg at position P4 (~3cm distance) for α-, β-, γ-, and δ-

HCH respectively (Figure 4.6, Table 4.1). The increase in HCH amounts with distance in presence 

of active mycelia clearly revealed the effect of mycelia-based transport of HCH. Nearly equal 

amounts of β- and δ-HCH isomers were recovered at positions P3 and P4 (p > 0.4), while 

significantly higher amounts (p < 0.02) of α- and γ- HCH isomers were recovered at position P4 

than P3 (Figure 4.6). This suggests that α- and γ-HCH were better transported along mycelial 

structures than β- and δ-HCH isomers. The low or negative HCH amounts computed for biomass-

based transport (cf. eq. 3, Table 4.1), indicated that passive diffusion did not significantly 

influence the transport process along mycelial structures. To further assess the influence of 

mycelia-mediated translocation of HCH, the transport processes, Amycelium and Abiomass were 

correlated with HCH’s octanol-air partition coefficient (log KOA) (Figure 4.7). Log KOA was 

chosen because of its role as a key descriptor of chemical partitioning between air and the ambient 

organic phases (for our case, hyphal structures and agar patches used in the experiment) (Shoeib 

& Harner, 2002). A plot of net HCH amounts against log KOA revealed no correlation (r = -0.2) at 

position P3 and a strong negative correlation (r = -0.8) at position P4 for Amycelium. These results, 

therefore, suggest that isomers with high log KAO (8.84 and 8.88 for δ- and β-HCH) are poorly 

translocated along mycelia compared to isomers with low log KOA (7.61 and 7.85 for α- and γ-

HCH). Therefore, the transport of HCH isomers was in the order β ≈ δ < α < γ. The difference in 

the transport rates (p < 0.003) observed between α- and γ-HCH, however, was likely due to their 

differences in solubility (10ppm for α-HCH and 17ppm for γ-HCH). In contrast, no correlation (r 

= -0.2) was observed for biomass-based transport (Abiomass) further indicating the insignificant role 

played by passive diffusion of HCH isomers along dead mycelia in the transport process. The 

observed transport effect in presence of fungal mycelia (Amycelium) was therefore likely due to the 

metabolic activity of live mycelia. HCH transport may not have greatly been influenced by 

degradation due to the poor HCH degradation capacity of the fungus, however, further research on 

degradation during transport is required.  
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Figure 4.6: An illustration of HCH transport quantification. Amounts of HCH isomers in µg recovered from agar patch P3 and P4. 

Abiomass (cf.  eq. 3; panel A), and Amycelium (cf.  eq. 2; panel B) after 14 day-incubation period in presence of mycelial structures F. 

equiseti strain K3. 
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Figure 4.7: Profiles of the net amounts of HCH isomers translocated for Amycelium (●), Abiomass (▼) and Aactive (○) at positions P3 (panel 

A) and P4 (panel B) in F. equiseti strain K3 plotted against log KOA of the respective HCH isomers. No significant difference (p > 0.05) 

was observed between Amycelium and Aactive. Data represents the means of four replicates after 14 day-incubation period. 
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Table 4.1: Average amounts (µg) of HCH isomers at positions 3 and 4 transported by live mycelia (cf. eq. 2, Amycelium), biomass-based 

diffusion (cf. eq. 3, Abiomass) and active mycelia (cf. eq. 4, Aactive). 

 

 

 

 HCH concentration (µg)  

HCH Isomers 
Amycelium Abiomass Aactive 

Position 3 Position 4 Position 3 Position 4 Position 3 Position 4 

α HCH 0.09 ±0.06 0.43 ±0.17   -0.0005 ±0.003 0.0010 ±0.004 0.12 ±0.01 0.43 ±0.18  

β HCH 0.06 ±0.05 0.09 ±0.04  -0.0109 ±0.023 0.0024 ±0.028 0.08 ±0.05 0.09 ±0.07 

γ HCH 0.15 ±0.08 0.60 ±0.18  -0.0093 ±0.010 -0.0050 ±0.014 0.16 ±0.09 0.60 ±0.19 

δ HCH 0.06 ±0.04 0.10 ±0.04  -0.0198 ±0.032 -0.0061 ±0.043 0.08 ±0.06 0.10 ±0.06 
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4.5. Discussion 

4.5.1. Identification and determination of HCH degradation of the fungus 

The fungus was isolated from HCH-contaminated soil and exhibited a high percentage sequence 

homology (99.8%) with the genus Fusarium. As demonstrated by the phylogenetic tree topology 

(Figure 4.3), the ITS sequence of the fungus clustered together with those of F. equiseti suggesting 

it to be a new member of this clade. On the other hand, analysis of the genome sequence revealed 

the presence of 34 secondary metabolites biosynthetic gene clusters previously reported for other 

Fusarium species such as F. fujikuroi (Brock et al., 2013; Janevska et al., 2016; Studt et al., 2012) 

and F. heterosporum (Sims et al., 2005)   The fungus was therefore tagged as F. equiseti strain K3. 

Chemical analysis of residual HCH isomers in the culture medium revealed the removal of 

approximately 35%, 51%, 28%, and 37% of 100 µg/mL of each α-, β-, γ-, and δ-HCH respectively 

in the fungal culture over 28 days, while HCH removal was not observed in the controls (Figure 

4.4). Further analysis of cell-free extract by GC-MS revealed the presence of two degradation 

metabolites identified as 1,3,5-trichlorobenzene and 1,3,5-trichloromethoxy benzene (Figure 4.5).  

Though studies relating to the degradation of organochlorine pesticides have been focused on 

white rot fungi because of their efficient enzyme system (Rigas et al., 2009; Shah et al., 1992; 

Singh & Kuhad, 1999, 2000), there are a few reports related to the use of non-white rot fungi 

(Guillén-Jiménez et al., 2012; Nagpal et al., 2008; Sagar & Singh, 2011). HCH degradation by 

non-white rot fungi was first reported in the phycomycetes Conidiobolus, which was demonstrated 

to completely mineralize 5 µg/mL lindane in liquid culture in 5 days (Nagpal et al., 2008). 

Subsequently, Sagar & Singh, (2011) reported degradation of 59% and 57% 100 µg/mL lindane 

by F. solani and F.poae respectively in liquid culture in 10 days, while F. verticillioides was 

reported to degrade 28% of 50 µg/mL lindane in 11 days (Guillén-Jiménez et al., 2012). Therefore, 

the partial degradation of HCH isomers observed in this study is consistent with HCH degradation 

rates previously observed for other Fusarium species. It has previously been proposed that the 

partial degradation observed could be due to non-specific nature of the fungal enzymes and/or 

enzyme inhibition by the degradation metabolites (Guillén-Jiménez et al., 2012; Murthy & 

Manonmani, 2007).  
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Several metabolites have previously been identified in HCH degradation microbial cultures under 

both oxic and anoxic conditions (Lal et al., 2010; Phillips et al., 2005). γ-pentachlorocyclohexane 

(γ-PCCH) has been reported as the metabolite generated in the first step of aerobic HCH 

degradation through dehydrochlorination (Nagata et al., 2007; Pal et al., 2005; Phillips et al., 

2005). Singh & Kuhad, (2000) however, identified tetrachlorocyclohexene (TCCH) and 

tetrachlorocyclohexenol (TCCOL) as the initial lindane degradation products in two white rot 

fungi C. bulleri and P. sordida. They therefore proposed that lindane degradation in the two fungi 

would proceed by reductive dechlorination to TCCH followed by hydroxylation to TCCOL. They 

however attributed the failure to identify other degradation metabolites to low concentrations in 

the culture media and high polarity (Singh & Kuhad, 2000). More recently, Guillén-Jiménez et al. 

(2012) identified γ-PCCH and benzoic acid derivatives in lindane degradation cultures of F. 

verticillioides. They, therefore, proposed that the fungus would degrade HCH via PCCH to 

phenolic compounds that would then undergo carboxylation under aerobic conditions (Guillén-

Jiménez et al., 2012). The identification of 1,3,5-trichlorobenzene and 1,3,5-trichloromethoxy 

benzene in the present study therefore suggests that several subsequent dechlorination steps and a 

hydroxylation step were likely employed by F. equiseti strain K3 in the degradation of HCH 

isomers. The failure to identify a complete profile of metabolites did not allow for the proposition 

of a possible HCH degradation mechanism in the fungus, thus, further research is required. 

4.5.2. Quantification of mycelial HCH transport  

Mycelial microorganisms have previously been shown to access nutrients from remote locations 

and transport them across air-gaps to support their apical growth (Furuno et al., 2012; Wick et al., 

2010). Though most research has been focused on the role of mycelia as transport networks for 

nutrients (Bago et al., 2002; Whitfield, 2007; Worrich et al., 2017), their role in the translocation 

of contaminants such as polycyclic aromatic hydrocarbons (PAHs) was demonstrated in the 

hyphae of the soil oomycete Pythium ultimum (Furuno et al., 2012; Schamfuß et al., 2013). The 

model system used in the present study was developed such that gas-phase HCH transport could 

be excluded (Figure 4.2). Therefore, following the exclusion of gas-phase transport, active 

mycelia (Amycelium) of the Fusarium species transported up to 0.4µg α-HCH, 0.1 µg β-HCH, 0.6 µg 

γ-HCH, and 0.2 µg δ-HCH over 3cm (P4) within 14 days (Figure 4.6, Table 4.1). The 

low/negative HCH amounts computed in presence of dead mycelia (Abiomass, Table 4.1) indicated 
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the minor role played by passive diffusion in the transport process. This suggests that the presence 

of active mycelia was necessary for the translocation of HCH to occur. These results are consistent 

with previous studies where active mycelia were reported to act as transport vectors “pipelines” 

for PAHs (Furuno et al., 2012; Schamfuß et al., 2013). To establish the role of mycelia in the 

translocation of the PAH phenanthrene (PHE), Furuno et al. (2012) demonstrated a more effective 

distribution of PHE in the presence of active mycelia.  

The transport mechanism of PAHs has been demonstrated to include their uptake by the fungal 

hyphae into lipid vesicles (Furuno et al., 2012; Schamfuß et al., 2013; Verdin et al., 2005) and 

subsequent streaming of the PAH-enriched cytoplasmic vesicles (Furuno et al., 2012; Schamfuß 

et al., 2013). It has previously been demonstrated that hyphal growth is facilitated by the 

accumulation of vesicles at the hyphal tip (Steinberg, 2007) according to “the vesicle supply 

center” model of hyphal growth initially proposed by Bartnicki-Garcia et al. (1989). Therefore, 

the recovery of higher amounts of HCH isomers at position P4 than P3 is likely due to the 

accumulation of the isomers at the hyphal tip of the growing mycelia. Correlation of the transport 

process with log KOA revealed that HCH transport (Amycelium/Aactive) increased with distance, 

particularly for α- and γ-HCH (P3 to P4, cf. Figure 4.6) and was negatively correlated to log KOA 

(r = -0.8) (Figure 4.7). This suggests that the transport of HCH isomers is influenced by their 

physicochemical properties. We, therefore, speculate that the high amounts of HCH observed at 

position P4 was likely due to an overlay of vesicle-bound and diffusive transport (Furuno et al., 

2012; Heaton et al., 2010) along mycelial structures. It has been shown previously that biological 

activity is necessary for both transport processes because mycelial fungi employ energy-dependent 

mechanisms for both vesicle movement and cytoplasmic streaming (Heaton et al., 2010; Steinberg, 

2007). These observations, therefore, demonstrate that the mycelial structures of the Fusarium 

species translocated HCH isomers in the water-unsaturated heterogeneous system. Our study 

hence provides for the first-time evidence for the role of fungal mycelia in the translocation of 

HCH isomers. Due to their ubiquitous nature and transport capacity, these results underpin the 

central role of mycelial activity in the dispersal of hydrophobic pollutants in soil, which may 

improve their bio-accessibility to potential bacterial degraders. 
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4.6. Conclusion 

A non-white rot fungus F. equiseti strain K3 was isolated from HCH-contaminated soil and could 

partially degrade HCH isomers. The identified degradation metabolites suggest HCH degradation 

by dechlorination and hydroxylation. The fungus could preferentially translocate HCH isomers in 

porous media in the order β ≈ δ < α < γ, suggesting that it can potentially act as transport network 

for HCH in soil. These findings add to our knowledge of the potential role of non-white rot fungi 

in the bioremediation of HCH. Further research is however required to characterize the degradation 

mechanism and the catabolic enzymes responsible for HCH degradation. The availability of this 

genome would provide invaluable insights into these efforts. In addition, further investigation on 

the mechanism of HCH transport and the effect of degradation during the transport process would 

be necessary to fully understand its effectiveness as transport network for HCH. 
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CHAPTER FIVE  

5.0 Mycelial nutrient transfer facilitates bacterial co-metabolic degradation of an 

organochlorine pesticide in nutrient-deprived environments 

5.1. Abstract 

Biotransformation of soil organochlorine pesticides (OCP) is often impeded by a lack of nutrients 

relevant for bacterial growth and/or co-metabolic OCP biotransformation. By providing space-

filling mycelia, fungi promote contaminant biodegradation by facilitating bacterial dispersal and 

the mobilization and release of nutrients in the mycosphere. We here tested whether mycelial 

nutrient transfer from nutrient-rich to nutrient-deprived areas facilitates bacterial OCP degradation 

in a nutrient-deficient habitat. The legacy pesticide hexachlorocyclohexane (HCH), a non-HCH-

degrading fungus (Fusarium equiseti K3), and a co-metabolically HCH-degrading bacterium 

(Sphingobium sp. S8) isolated from the same HCH-contaminated soil were used in spatially 

structured model ecosystems. Using 13C-labelled fungal biomass and protein-based stable isotope 

probing (protein-SIP), we traced the incorporation of 13C fungal metabolites into bacterial proteins 

while simultaneously determining the biotransformation of the HCH isomers. The relative isotope 

abundance (RIA, 7.1 – 14.2%), labeling ratio (LR, 0.13 – 0.35), and the shape of isotopic mass 

distribution profiles of bacterial peptides indicated the transfer of 13C-labeled fungal metabolites 

into bacterial proteins. Distinct 13C incorporation into the haloalkane dehalogenase (linB) and 2,5-

dichloro-2,5-cyclohexadiene-1,4-diol dehydrogenase (LinC), as key enzymes in metabolic HCH 

degradation, underpin the role of mycelial nutrient transport and fungal-bacterial interactions for 

co-metabolic bacterial HCH degradation in heterogeneous habitats. Nutrient uptake from mycelia 

increased HCH removal by twofold as compared to bacterial monocultures. Fungal-bacterial 

interactions hence may play an important role in the co-metabolic biotransformation of OCP or 

recalcitrant micropollutants (MPs).   
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5.2. Introduction 

Despite its ban or restricted use in many parts of the world, the organochloride pesticide 

hexachlorocyclohexane (HCH) continues to pose a serious environmental risk (Mohn et al., 2006; 

Sharma et al., 2006) due to its toxicity and environmental persistence (Lal et al., 2006; Mohn et 

al., 2006; Singh & Lal, 2009; Singh & Kuhad, 1999). Commercial production of HCH typically 

results in a mixture of four major isomers  (α-HCH (60 – 70%), β-HCH (5 – 12%), γ-HCH (10 – 

12%), δ-HCH (6 – 10%)) (Kumar & Pannu, 2018; Lal et al., 2006), of which only γ-HCH has 

insecticidal activity while the other isomer are discarded as HCH-muck, thereby generating 

stockpiles of persistent toxic waste (Kumar & Pannu, 2018; Lal et al., 2006, 2010; Nayyar & Lal, 

2016). Microorganisms including fungi (Bumpus et al., 1985; Phillips et al., 2005; Singh & Kuhad, 

1999) and bacteria (Dogra et al., 2004; Lal et al., 2010; Pal et al., 2005) can degrade HCH isomers. 

However, an elaborate degradation pathway and the respective catabolic enzymes for complete 

mineralization of HCH have only been reported for bacterial members of the family 

sphingomonadaceae under ideal laboratory conditions (Dogra et al., 2004; Lal et al., 2006, 2010; 

Pal et al., 2005). Microbial degradation in heterogeneous environments though emerges from 

manifold biotic and abiotic factors including redox conditions, moisture, and – in cases of co-

metabolic degradation – the presence and spatial availability of auxiliary organic growth substrates 

to potential degraders (Harms et al., 2011; Rijnaarts et al., 1990; Wick, 2020). Contrary to bacteria, 

mycelial fungi are highly adapted to heterogeneous habitats. Due to their space-filling mycelial 

structures, they translocate resources within their networks from nutrient-rich to nutrient-deficient 

patches (Jennings, 1987; Nazir et al., 2010).   

Fungi and bacteria thereby often share the same microhabitat and contribute to nutrient cycling 

and other biogeochemical processes (Deveau et al., 2018; Nazir et al., 2010; Worrich et al., 2017), 

such as the biotransformation of organic contaminants (Harms et al., 2011; Kohlmeier et al., 2005; 

Wick et al., 2010). In the mycosphere (i.e. the microhabitat that surrounds fungal hyphae and 

mycelia), bacteria and fungi may compete for the same substrates and, depending on the organisms 

and habitat conditions, their interactions may be either ecologically neutral, competitive, or 

cooperative (Espinosa-Ortiz et al., 2021; Haq et al., 2014) and range from apparently random 

physical to specific commensal or symbiotic associations (Deveau et al., 2018). Mycelia e.g. have 

been shown to actively transport polycyclic aromatic hydrocarbons (PAH) thus improving their 

bioavailability to bacterial degradation in unsaturated environments (Furuno et al., 2012; 
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Schamfuß et al., 2013, 2014). They may further serve as transport vectors for bacteria and phage-

bacteria couples (You et al., 2022), thus improving the access of bacteria to otherwise poorly 

available nutrients and contaminants(Kohlmeier et al., 2005; Wick et al., 2007). Fungi are also 

known to shape bacterial community structures surrounding the hyphosphere by secreting 

carbonaceous compounds that can be utilized by fungus-associated bacteria (Boer et al., 2005; 

Frey‐Klett et al., 2007; Nazir et al., 2010; Schamfuß et al., 2013). They thereby exude carbon 

substrates such as phenols, citrate, or oxalate that may serve as auxiliary carbon sources for 

pollutant-degrading bacteria (Wick et al., 2010). 

Co-metabolic degradation offers the benefit of contaminant removal even at trace quantities since 

the degrader is not reliant on the contaminant for carbon or energy source (Hazen, 2010; Wick, 

2020). However, the role of fungal resource transfer to bacteria for improved bacterial activity and 

co-metabolic contaminant degradation in contaminated oligotrophic microhabitats remains vastly 

underexplored. In microbial ecology, stable isotope probing of proteins (protein-SIP) has become 

a valuable technique that allows the identification of key metabolic actors and functional 

interactions in microbial communities (Jehmlich et al., 2016; Sachsenberg et al., 2015; Taubert et 

al., 2011). Protein-SIP combines meta-proteomics based on mass spectrometry and stable isotope 

probing techniques to sensitively detect the assimilation of labeled target substrate (such as 13C) at 

peptide level (Jehmlich et al., 2016; Sachsenberg et al., 2015). The information gleaned from mass 

spectrometry data includes relative isotope abundance (RIA), labeling ratio (LR), and the shape of 

the isotopic distribution (Sachsenberg et al., 2015). The RIA describes the percentage of the heavy 

isotope (i.e., 13C) atoms in a peptide, which provides information on the incorporation of the 

labeled substrate into biomass. The LR describes the ratio of labeled to unlabeled peptides which 

relate to protein turnover following the addition of the labeled substrate (Lünsmann et al., 2016; 

Sachsenberg et al., 2015). 

In the present study, we used spatially fragmented laboratory model ecosystems to test the 

hypothesis whether mycelial nutrient transfer from eutrophic habitats promotes co-metabolic 

degradation of HCH by bacteria in oligotrophic contaminated environments. A non-HCH-

degrading soil fungus Fusarium equiseti K3 and a co-metabolically HCH degrading bacterium 

Sphingobium sp. S8 isolated from the same HCH contaminated soil were used. Strain S8 was 

placed onto a nutrient-free HCH-treated agar patch that was separated from the fungal inoculum 
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by an air gap. 13C-labeled mycelia of strain K3 were allowed to overgrow the bacterial region. 

Using a combination of metaproteomics and stable isotope labeling and analyses (Jehmlich et al., 

2016), we traced the incorporation of 13C of fungal origin into bacterial proteins responsible for 

both housekeeping and co-metabolic HCH degradation respectively, and simultaneously followed 

by chemical analytics. Our results demonstrate that mycelial fungi facilitate bacterial degradation 

of contaminants in nutrient-deficient environments by providing C-substrates to bacteria, thus 

enhancing their biotransformation capacity. 

5.3. Material and Methods 

5.3.1. Chemicals 

Hexane (LiChrosolv grade), Acetone (99.8%), and γ-HCH (97%) were either purchased from 

Sigma (Munich, Germany) or Merck (Darmstadt, Germany) and were of analytical grade. 13C-

glucose (D-glucose13C6, 99%) was obtained from Cambridge Isotope Laboratories, Inc, (USA) 

The analytical standard containing a mixture of the HCH isomers, α: β: γ: δ = 1:1:1:1 was obtained 

from Merck (Darmstadt, Germany). 

5.3.2. Organisms, media, and culture conditions 

The ascomycete Fusarium equiseti K3 was isolated from HCH-contaminated soil collected from 

a former obsolete pesticide store in Kitengela, Kenya (GPS: 01.49 S, 37.048E), and its draft 

genome sequence was described earlier (Khan et al., 2021). The fungus was not found to degrade 

HCH (see below). Fungal pre-cultures were cultivated at 25⁰C on potato dextrose agar (PDA; 

Difco) prior to the transfer to 13C glucose/glucose-containing MSM agar. The HCH degrading 

bacterium Sphingobium sp. S8 was isolated from the same soil as the fungus and its draft genome 

sequence was described by Khan et al (Khan et al., 2022). The bacterium was cultivated on Luria-

Bertani (LB) (DSMZ) agar medium treated with γ-HCH (97%; Sigma) to a final concentration of 

100 µg/ml. To prepare the inoculum of the S8 strain, a 72-h old culture (OD600 ~1.5) of strain S8 

in LB medium was centrifuged at 12000 g at 15°C for 10 min, the cell pellet washed twice with 

MSM medium, and resuspended in the same medium to a concentration of 7.2 x108 cells mL-1.  

5.3.3. Inhibition test 

The absence of mutual fungal-bacterial inhibition was assessed using a standard procedure as 

described before (Yang et al., 1994). Briefly, a fungal mycelium was inoculated in the middle of 
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a PDA plate, and four spots of bacterial suspension (10 µL) inoculated onto the agar surface around 

the fungal inoculum at a distance of 1cm. The plates were later incubated at 25⁰C and mutual 

growth or growth inhibition was analyzed by visual inspection and microscopy.  

5.3.4. Microcosm set-up 

Laboratory microcosms consisted of spatially separated nutrient-rich (NR) and nutrient-deficient 

(ND) zones that were separated by 2 mm air gaps (Figure 5.1A). To create NR zones, two patches 

(Ø 1 cm) were cut from a minimum salt medium (MSM) (Senoo & Wada, 1989) agar plate 

supplemented with 10% w/v 13C glucose/glucose as sole carbon source as described below. The 

two patches (patches 1 & 3; Figure 5.1A) were placed in a Petri dish (Ø 8.5 cm) at a distance of 

1.4 cm apart. To represent a ND zone an MSM agar patch (l x w x h: 1 x1 x 0.5 cm; patch 2) was 

placed between them, leaving a 2 mm air gap on either side (Figure 5.1A). Patch 2 served as a 

spot for HCH spiking (in the case of HCH degradation setups) and bacterial inoculation. Fungal 

strain K3 was inoculated on patch 1 and allowed to grow until its hyphae touched the edges of 

patch 2 (after ca. 3d). Fifty µL (i.e., ≈ 3.6 x 107 cells) HCH degrading strain S8 in MSM medium 

was applied to patch 2 of the microcosm. The microcosms were then incubated at 25 ⁰C in the dark 

until the mycelia had overgrown the patches (ca. 10d) and subsequently subjected to protein and 

HCH extraction and analysis. 

5.3.5. Analysis of fungal nutrient transfer to bacteria 

5.3.5.1. Preparation of microcosms and inoculation 

Patch 1 (Figure 5.1A) was spiked with 13C glucose by liquefying MSM medium agar at 95°C in a 

water bath and subsequently transferring a five mL aliquot into a sterile tube containing 0.5 g of 

13C glucose. The tube was then warmed at constant shaking at 750 rpm in a thermomixer 

(Eppendorf, Germany) at 95°C until complete glucose dissolution. Two droplets of 200 µL each 

of the 13C-glucose-agar (i.e., 40 mg glucose) were then placed into the Petri dishes (Ø 8.5 cm) at 

a distance of 1.4 cm apart and allowed to solidify under a sterile laminar flow hood to form patches 

1 & 3) (Figure 5.1A) while patch 2 was used an inoculation spot for the HCH degrading bacteria. 
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Figure 5.1: Fragmented synthetic microcosms to assess mycelial nutrient transfer and its effect on 

co-metabolic bacterial HCH degradation.  

(A) Scheme of the microcosm consisting of two nutrient rich (NR) agar patches (patch1 and patch 

3) and a nutrient-deficient agar patch 2 (ND zone) separated by air gaps to mimic unsaturated soil 

habitats. The fungus was inoculated to patch 1 and allowed to overgrow bacteria on patch 2 in 

presence of HCH. (B) Bird’s view of the setup placed in a Petri dish and micrographs of 

Sphingobium sp. S8 growing as biofilm in close proximity to growing hyphae of F. equiseti K3 on 

patch 2. (C) Glucose content measured on patch 2 after 10 days in the presence of F. equiseti K3 

and glass fiber. Different lowercase letters indicate statistically significant difference between the 

treatment groups (p < 0.05, n = 3). 

Parallel control setups including glass fiber experiments to mimic mycelial structures “Glass fibre” 

and control experiments with bacteria directly growing on a 13C-glucose enriched (~20 mg) agar 

patch “Control” were prepared (Figure 5.2). Following a 10d incubation period, the microcosms 

were subjected to protein and glucose extraction from patch 2 and analysed as described below. 

All experiments were performed in triplicate. Identical setups in the absence of bacteria served to 
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quantify the glucose amounts transported by diffusion or capillary forces along glass fibers from 

patch 1 to patch 2 in the presence and absence of glass fibers after 10d. To do so, patch 2 was 

weighed and transferred into a 15 mL Falcon tube (Corning, USA). Subsequently, 5 mL of hot 

water and 3 mL of 1N HCl were added and the tube vigorously shaken for 5 minutes. The 

suspension was then filtered and the glucose concentration measured by pulsed amperometric 

detection (PAD). 

 

Figure 5.2: A scheme of different microcosm setups (A) “mycelia”; mycelium + bacteria, (B) 

“glass fiber”; glass fiber + bacteria, (C) “control”; positive control used in the labeling experiment. 

The three agar patches were placed in a raw with 2mm gaps between them to mimic nutrient-rich 

and nutrient deficient pockets in soil. 

5.3.5.2. Protein extraction, sample preparation 

After harvest, patch 2 (Figure 5.1A) was transferred to sterile 10 mL glass tubes containing 2 mL 

of 1x PBS buffer pH 7.4, the tubes vortexed for 1 min and then sonicated (3 times for 30 s with 

1 min pause each time) in a sonication bath (SONOREX SUPER RK 255 H, BANDELIN, 

Germany) at 35kHz ultrasound wave. The cell suspension was then transferred into 2 mL tubes 

and centrifuged at 16,000g and 4°C (Eppendorf, Germany) to pellet the cells. The cells were lysed 

in 50 µL lysis buffer (10 mM Tris; 5 mM EDTA; 0.29% NaCl; and 0.4% SDS) and processed as 

previously described (Jehmlich et al., 2010). A Bradford assay was used to estimate protein 

concentrations. For the SDS-PAGE, 75 µg of protein was precipitated with an equal volume of 

20% trichloroacetic acid (TCA, Sigma) for 16 h at 4°C. The proteins were then separated in a 12% 

acrylamide gel using the HoeferTM mini–Vertical Electrophoresis system (Thermo Fisher 

Scientific, USA) and the Laemmli-buffer system (Jehmlich et al., 2010). The protein bands were 

visualized by staining the gel in colloidal Coomassie Brilliant blue G-250 (Roth, Kassel, 

Germany). Protein bands were excised from the gel and subjected to in-gel tryptic digestion as 

described previously (Jehmlich et al., 2010). Tryptic peptides of all gel slices were then extracted 

for LC-MS/MS analysis. 
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5.3.5.3. Protein-SIP analysis and evaluation 

Peptides were analyzed by LC-MS/MS as described before (Sachsenberg et al., 2015): after tryptic 

digestion of the samples, the resulting peptides were subjected to a shotgun proteomics workflow 

(nanoLC-MS/MS). Briefly, peptide lysate was injected into a nanoLC system (UltiMate 3000, 

Dionex, Thermo Fisher Scientific). Peptides were first trapped for 3 min on a C18-reverse phase 

trapping column (Acclaim PepMap® 100, 75 µm x 2 cm, particle size 3 µM, nanoViper, Thermo 

Fisher Scientific), followed by separation on a C18-reverse phase analytical column (Acclaim 

PepMap® 100, 75 µm x 25 cm, particle size 3 µM, nanoViper, Thermo Fisher Scientific) with a 

solvent flow-rate of 300 nL/min and a column temperature of 35°C. Eluting peptides were ionized 

by a nano ion source (Advion, TriVersa Nanomate, Ithaca, NY, USA) and analyzed at the Q 

Exactive HF mass spectrometer (Thermo Fisher Scientific) (cf. appendix 2 S1.1 for detailed 

description). Proteome Discoverer (v1.4.1.14, Thermo Scientific) was used for protein 

identification and the acquired MS/MS spectra were searched with the SequestHT algorithm 

against the UniProt reference proteome of Sphingobium sp. and Fusarium equiseti. Trypsin served 

as cleavage enzyme, allowing a maximum of two miss cleavages. The precursor mass tolerance 

(MS) was set to 10 ppm, and the fragment mass tolerance (MS/MS) was 0.05 Da. 

Carbamidomethylation of cysteine was considered as fixed and oxidation of methionine was set 

as dynamic modification. Peptide spectrum matches (PSM`s) were validated using percolator with 

a false discover rate (FDR) <1% and quality filtered for XCorr ≥2.25 [for charge state +2] and 

≥2.5 [for charge state +3]. Identified proteins were grouped by applying the strict parsimony 

principle. Identification of 13C-labeled peptides and quantification of 13C incorporation was done 

by comparing measured and expected isotopologue patterns, chromatographic retention time, and 

fragmentation patterns using MetaProSIP as previously described (Sachsenberg et al., 2015). 

Proteome data from the genomes of Sphingobium sp. S8 and Fusarium equiseti K3 were used as 

a decoy input file in the MetaProSIP pipeline. Data was evaluated by calculating the relative 

isotope abundance (RIA) and the labeling ratio (LR) of the labeled peptides.  

5.3.6. Analysis of co-metabolic HCH degradation 

5.3.6.1. HCH quantification 

Similar setups as described above in presence of unlabeled glucose were used to quantify the 

effects of mycelial C-substrate transfer on bacterial degradation of α-, β-, γ-, and δ-HCH isomers, 

where 10 µL of a HCH mix dissolved in acetone containing 25µg of each isomer and fifty µL (i.e., 
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≈ 3.6 x 107 cells) of bacterial cells suspended in MSM media were simultaneously placed to patch 

2 (Figure 5.1A). Four circular agar patches containing activated carbon (60 mg mL-1) were 

included in the microcosms to decrease the gaseous phase concentration of HCH. After a 10d 

incubation period, the patches (patch 1 – 3 and the activated carbon agar patches) were separately 

transferred into clean 40 mL screw cap septum glass vials (Thermo Scientific, USA), crushed with 

10–15 g of dried sodium sulfate, and then extracted with hexane/acetone (3:1, v/v) containing 0.31 

µgL-1 dichlorodiphenyldichloroethylene (DDE) as an internal standard. One hundred µL of the 

extract was mixed with 10µL of 4-chlorobenzotrichloride as injection standard and analyzed by 

GC (HP 7890 Series GC, Agilent, USA) with a 20   m 0.18mm (18µm film thickness) HP5MS 

capillary column (Agilent, USA). Helium was used as a carrier gas at a flow rate of 1 mL min -1. 

Quadruplicate setups including an abiotic setup, a fungus-only, and a bacteria-only setup, were 

also tested as controls (Figure 5.3, appendix 2 S1.2).  

5.3.6.2. Data analysis 

To account for possible variations of the amounts of the HCH isomer added (e.g., due to 

volatilization, varying dissolution properties of the isomers), the amounts of the individual isomers 

recovered immediately after application onto patch 2 were taken as the initial amounts of HCH 

(At0). Subsequently, HCH amounts (Adeg, t10), and the residual (Fres, t10) and degraded fractions (Fdeg, 

t10) of added HCH after 10 d were derived from equations 1– 4 (cf. appendix 2, S2.3 for details). 

At10 is the residual amounts of HCH, Aabiotic, t10 the residual HCH amounts in the abiotic control, 

AP1, t10 or P2, t10 or P3,t10 the residual HCH amounts on patches 1, 2 or 3, and AAC,t10 the residual HCH 

amount on activated charcoal. 

At10  = AP1,t10 + AP2,t10 + AP3,t10 + AAC,t10     eq. 1 

Adeg,t10 = Aabiotic,t10 – At10       eq. 2 

Fdeg,t10 (%) = (Adeg,t10/Aabiotic,t10) *100       eq. 3 

Fres, t10 (%) = (At10 / Aabiotic, t10) *100      eq. 4 

Statistical testing of the experimental treatments (abiotic, fungal-monoculture, bacterial-

monoculture, and fungal-bacterial co-culture; p < 0.05) was performed on residual HCH 

concentrations (At10) using analysis of variance (one-way ANOVA) and Tukey's HSD (honestly 
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significant difference) in R (v 4.2.0). The significance of differences between individual means 

was computed using the student's t-test. 

 

Figure 5.3: Different setups used in HCH degradation experiment; (A) abiotic control, (B) fungal 

monoculture, (C) bacterial monoculture, and (D) fungal-bacteria co-culture. Three agar patches 

were placed in a row with 2mm air gaps between them to mimic nutrient-rich and nutrient-deficient 

contaminated pockets in soil. 

5.4. Result  

5.4.1. Uptake of hyphal nutrients analyzed by protein-SIP 

In a spatially heterogeneous laboratory ecosystem, we assessed whether mycelial nutrient transfer 

from nutrient-rich to nutrient-deprived areas facilitates bacterial co-metabolic HCH degradation 

in a nutrient-deficient habitat. Using 13C-labelled fungal biomass and protein-SIP, we observed 

higher protein contents and stable isotope enriched proteins in Sphingobium sp. S8 in presence of 

fungal hyphae (protein content: 0.45 mg) as compared to controls in presence of glass fiber (0.37 

mg) and the absence of hyphal or glass fiber transport (0.29 mg; appendix 2 Table S2.1). The 

relative isotope abundance (RIA, Figure 5.4), the labeling ratio (LR; Figure 5.4) and the shape of 

isotopic spectral patterns (Figure 5.5) evidenced 13C enrichment of the total bacterial proteome 

(RIA = 10.9 – 93.9%; LR = 0.15 – 0.57) and selected proteins (RIA = 10.1 – 92%; LR = 0.17 – 

0.59) (appendix 2 Table S2.2). Constitutively expressed bacterial proteins from core cellular and 

metabolic processes were selected out of 87 labeled proteins for assessing 13C incorporation in our 

treatments (Figure 5.4 and appendix 2 Table S2.2): the chaperone DnaK (RIA = 9.4%; LR = 
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0.13), the ATP synthase subunit-β (RIA = 10.4%; LR = 0.24), and the peptidoglycan-associated 

lipoprotein (RIA = 14.2%; LR = 0.14).  

To quantify fungal impacts on the expression of central enzymes of bacterial HCH degradation, 

the 13C incorporation into two enzymes responsible for the initial steps of HCH degradation was 

quantified (Figs. 2&3); i.e. the haloalkane dehalogenase (LinB; RIA = 9.5%; LR = 0.35) and the 

2,5-dichloro-2,5-cyclohexadiene-1,4-diol dehydrogenase (Lin C; RIA = 7.1%; LR = 0.34). LinB 

and LinC exhibited significant labeling and hence were built on 13C enriched substrates upon 

hyphal transfer. As expected, observed RIA (88% – 96%) and LR (0.38 – 0.82) values in hyphal 

nutrient transfer experiments were different (p <9.8 x 10-5) in cells cultivated on 13C glucose agar. 

Control experiments applying glass fibers to link patches 1 and 2 instead of mycelia were further 

performed assuming that abiotic fibers may not actively transfer 13C glucose and, hence, would 

not lead to increased RIA and LR. Likely due to capillary effects, efficient glucose transport to 

patch 2 was observed leading to clear glucose enrichment (≈24.8 mg) as found in additional abiotic 

glucose transport experiments (Figure 5.1C). By contrast, no hyphal glucose transfer to bacteria-

free patch 2 (< 0.14 mg) was measured (Figure 5.1C), hence suggesting that 13C enrichment of 

the proteins in the fungal transfer experiments was due to fungal metabolites. Such assumption is 

further backed by RIA and LR values of glass fiber experiments, where RIA (86% – 97%) was 

similar to bacterial cultivation experiments on13C glucose agar. As RIA reflects the extent to which 

a labeled substrate is used for biomass production (Sachsenberg et al., 2015), high RIA values in 

glass fiber transfer and 13C glucose growth experiment reflect direct assimilation of 13C glucose 

by the bacteria (Taubert et al., 2012). Lower RIA values, however, were observed in presence of 

mycelia as a likely result of the assimilation of partially labeled fungal metabolites (Sachsenberg 

et al., 2015; Taubert et al., 2012). The LR in the mycelial transfer experiments were similar or 

lower than LR in the glass fiber transfer experiments (LR = 0.15 – 0.34; Figure 5.4) yet clearly 

lower than on 13C glucose agar (LR = 0.38 – 0.82). Peptide mass spectra patterns also reflected 

13C protein incorporation (Figure 5.5) and allowed for the visual distinction between direct 

assimilation of the labeled substrate (Figure 5.5B, C) or utilization from partially labeled 

metabolites (Figure 5.5A) secreted by other organisms (Sachsenberg et al., 2015). The skewed 

isotopic incorporation pattern (Figure 5.5A) in presence of mycelia, therefore, suggests 

assimilation of partially labeled substrates (Taubert et al., 2012).  



82 
 

5.4.2. HCH biodegradation by Sphingobium sp. S8 

The effects of mycelial C-substrate transfer on bacterial HCH degradation were further quantified. 

Lower residual HCH fractions (Fres, t10; eq. 4) of all HCH isomers were found in fungal-bacterial 

co-cultures (Fres, t10 = 19% – 45%) than in bacterial (Fres, t10 = 50% – 72%) or fungal (Fres, t10 = 92% 

– 99%) mono-cultures after 10 days of incubation (appendix 2 Table S2.4). No difference in Fres, 

t10 (p < 0.05) was observed between the fungal monoculture and abiotic control setups (Figure 

5.6) suggesting that increased HCH degradation in presence of fungal-bacterial co-cultures was 

due to increased bacterial activity. To distinguish between abiotic and biotic losses, the HCH 

fractions lost by microbial activity (Fdeg, t10) were calculated (eq 3) revealing that 71 % (α-HCH), 

57 %, (β-HCH), 75% (γ-HCH), and 81% (δ-HCH) were degraded by fungal-bacterial activity 

(Figure 5.7). For the α-, β-, γ-, and δ-HCH isomers this results in ca. 1.9-, 1.1-, 1.6- and 1.6-fold 

better degradation than by a bacterial monoculture (Figure 5.7, appendix 2 Table S2.6) and reveals 

significant (p < 0.05) influence of C-substrate transfer on the degradation of the α-, γ-, and δ-HCH, 

yet not of β-HCH. Batch biodegradation experiments performed in parallel revealed that 

Sphingobium sp. S8 co-metabolically degraded β-HCH less efficiently (~59% of 34.4 µM β-HCH 

in 24 h; cf. Section 3.4.3) than the other isomers (~100 % removal; cf. Section 3.4.3).  The low 

degradation efficiency of β-HCH that is independent of additional substrates may hence explain 

the poor effect of hyphal transfer on the β-HCH biodegradation. 
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Figure 5.4: Relative isotope abundance (RIA, Figs. 2a, c, e, g, i) and labeling ratio (LR, Figs. 2b, d, f, h, j) of housekeeping and key 

HCH degrading proteins of Sphingobium sp. S8 in presence of mycelia (A), glass fiber (B), and bacteria grown on 10% w/v 13C glucose 

agar (C). Figs. 2 a,b: Chaperone DnaK protein, Figs. 2c&d: ATP synthase β-subunit, Figs. 2e&f: peptidoglycan associated lipoprotein, 

Figs. 2g & h: haloalkane dehalogenase (LinB), and Figs. 2i & j: dichloro-2,5-cyclohexadiene-1,4-diol dehydrogenase (LinC) 

respectively. Different lowercase letters indicate statistically significant difference between the treatment groups (p < 0.05, n = 3). 
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Figure 5.5: Representative mass spectra showing ion mass distribution of peptides from selected 

proteins on setups in presence of mycelia (A), glass fiber (B), and bacteria grown on 10% w/v 13C 

glucose agar (C) bacteria.  Figs. 3a, b, c:  peptide sequence TTPSIVAFTK of Chaperone DnaK 

protein; Figs. 3d, e, f:  peptide sequence LVLEVAQHLGENTVR of ATP synthase β subunit; Figs. 

3g, h, i: peptide sequence VTIEGHADER of peptidoglycan associated lipoprotein; Figs. 3j, k, l: 

peptide sequence DYAGWLSESPIPK of haloalkane dehalogenase; Figs. 3m, n, o: peptide 

sequence RGANVVVADIVEAAAEETVR of 2,5-dichloro-2,5-cyclohexadiene-1,4-diol 

dehydrogenase. 

 

 

Figure 5.6: Residual fractions of HCH isomers after 10 days of incubation (Fres, t10) in an abiotic 

control (A) and in presence of a fungal mono-culture (B), a bacterial mono-culture (C), and fungal-

bacterial co-culture (D). Letters a, b, and c indicate statistical significance (p < 0.05, n = 4). 
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Figure 5.7: Fractions of HCH isomers degraded after 10 days of incubation (Fdeg, t10) in presence 

of a fungal mono-culture (B), a bacterial mono-culture (C), and fungal-bacterial co-culture (D).  

Different lowercase letters indicate statistically significant difference between the treatment 

groups (p < 0.05, n = 4).  

 

 



87 
 

5.5. Discussion 

5.5.1. Hyphal transport and bacterial uptake of fungal metabolites 

Using 13C-labelled fungal biomass and protein-SIP, we traced the incorporation of 13C fungal 

metabolites into proteins of HCH degrading Sphingobium sp. S8. Our findings suggest that 

mycelial metabolite transfer to nutrient-deficient habitats promoted bacterial growth and co-

metabolic HCH in a spatially structured model ecosystem. The 13C-metabolite transfer was 

detected by relative isotope abundance, the labeling ratio, and the shape of isotopic mass 

distribution profiles of the bacterial proteins. Mycelial transport typically exhibited lower RIA than 

in fungus-free controls that provided 13C glucose at different bioavailability (Figure 5.1), either 

by glass fiber transfer or upon growth on 13C glucose agar (Figures. 5.4 a, c, e, g, and i). The LR 

upon metabolite transport were similar or even higher (Chaperone DnaK (Figure. 5.4 d) and LinB 

(Figure 5.4 j)) than in glass fiber experiments. As the LR reflects the extent of protein turnover 

and hence bacterial growth (Sachsenberg et al., 2015), suggests efficient activation of the bacterial 

metabolism and HCH biotransformation by fungal metabolites. 13C incorporation into key 

enzymes of co-metabolic HCH degradation (i.e., LinB and LinC) thereby provides a direct link 

between hyphal metabolite transport and co-metabolic bacterial HCH degradation in fragmented 

habitats (Figure 5.7). This study hence provides for the first time direct molecular evidence for 

the role of fungal-bacterial interactions for co-metabolic contaminant degradation in an otherwise 

nutrient-deprived environment. In natural environments fungal-bacterial associations (Espinosa-

Ortiz et al., 2021; Worrich et al., 2017) can develop neutral, competitive (antagonistic) or 

synergistic  (Espinosa-Ortiz et al., 2021; Little et al., 2008) relationships. In a synergistic 

relationship as in our experiment, fungal compounds have been found to stimulate bacterial growth 

in the hyphosphere (Espinosa-Ortiz et al., 2021; Harms et al., 2011; Morris et al., 2013; Nazir et 

al., 2010) by providing low molecular weight organic acids (LMWOAs) such as acetic acid and 

oxalic acid (Van Hees et al., 2006), carbohydrates, polyols, peptides, and amino acids (Sun et al., 

1999; Van Hees et al., 2006). Although we didn’t characterize the metabolome of fungal strain 

K3, we speculate that similar metabolites may have led to the observed HCH degradation effects. 

The observed active mycelial growth and the proximity of Sphingobium sp. S8 biofilms to fungal 

hyphae (Figure 5.1 B) suggests that C-substrate assimilation of strain S8 occurred by extracellular 

biotrophy (Leveau & Preston, 2008) in the hyphosphere of Fusarium equiseti K3 as has been 

reported earlier in other systems (Bassler & Losick, 2006; Kim et al., 2008; Worrich et al., 2017). 
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Such an assumption is further supported by the fact that Sphingobium sp. S8 (Khan et al., 2022) 

and Fusarium equiseti K3 (Khan et al., 2021) had been isolated from the same organochloride 

pesticide-contaminated soil. 

5.5.2. Co-metabolic degradation of HCH isomers 

In similar setups as used for protein-SIP experiments (Figure 5.3), we determined mycelial 

transport effects on bacterial HCH degradation by quantifying residual concentrations of the α-, 

β-, γ-, and δ-isomers of HCH. After 10 days of incubation, we did not find HCH removal by 

Fusarium equiseti K3, yet clearly increased bacterial HCH degradation in presence of mycelia 

(Figures 5.6 & 5.7) led to 1.6-1.9-fold faster biodegradation of α-, γ-, and δ-HCH. The least benefit 

(1.1-fold increase) was observed for β-HCH. β-HCH is the most recalcitrant of the HCH isomers 

tested, due to its equatorially substituted chlorine atoms that form a barrier to the enzymatic 

dehydrochlorination preferring axial chlorine atoms (Lal et al., 2010; Nayyar et al., 2014; Nayyar 

& Lal, 2016; Willett et al., 1998). Sphingobium sp. S8 could not effectively degrade HCH isomers 

in absence of an additional carbon source (Figure 5.7). In the presence of 1% glucose in liquid 

batch experiments, however, it showed 59-100% removal of all HCH isomers (cf. Section 3.4.3) 

indicating its reliance on additional carbon sources for HCH degradation. Combining protein-SIP 

with the HCH degradation, our study, therefore, underpins the role of fungal exudates for efficient 

co-metabolic bacterial HCH degradation as also had been proposed for pesticide degradation in 

porous media (Ellegaard-Jensen et al., 2014; Knudsen et al., 2013). Co-metabolic degradation is 

thought to be a critical process for the removal of xenobiotic compounds at both trace and bulk 

concentrations (Kumar & Pannu, 2018; Nzila, 2013; Saez et al., 2017). Benimeli et al. (2007) for 

instance, demonstrated simultaneous consumption of glucose and γ-HCH by Streptomyces sp. M7 

with increased γ-HCH removal at high glucose concentrations (Benimeli et al., 2007). Similarly, 

Álvarez et al. (2012) demonstrated increased γ-HCH removal by Streptomyces strains in the 

presence of root exudates as an additional carbon source (Álvarez et al., 2012). In addition, HCH 

degradation in sphingomonads has mostly been conducted in the presence of varying percentages 

of Luria-Bertani (LB) broth or glucose as additional carbon sources (Boltner et al., 2005; Mohn et 

al., 2006). 
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5.6. Conclusion 

In our study, we observed the commensal incorporation of fungus-derived 13C labels into bacterial 

peptides. The presence of 13C labeled bacterial peptides indicated the availability of fungal 

exudates for bacterial uptake and hence nutrient transfer. The labeled bacterial peptides belonged 

to both housekeeping enzymes and enzymes relevant to HCH degradation. The labeling of 

bacterial haloalkane dehalogenase (LinB) and 2,5-dichloro-2,5-cyclohexadiene-1,4-diol 

dehydrogenase (LinC) involved in HCH degradation indicates the functional relevance of mycelial 

nutrient transfer to HCH degradation by bacteria. This was indicated by improved HCH 

degradation (p<0.05) in the presence of fungus and bacteria compared to either bacteria (up to 2 

times increase) or mycelia (up to 12 times increase) alone for all four HCH isomers. Our data 

thereby underpin the relevance of the mycosphere as a habitat for the efficient degradation of 

organic contaminants. Since co-metabolic contaminant degrading microorganisms in the 

mycosphere may not rely on the contaminants for growth, they also may degrade chemicals at 

minute concentrations (‘micropollutants’) and down to proposed cleanup endpoints in the parts 

per trillion range (Hazen, 2010). 
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CHAPTER SIX  

6.0 GENERAL DISCUSSION, CONCLUSION, AND RECOMMENDATIONS 

6.1. General discussion 

The toxicity of HCH isomers to non-target organisms including humans has been demonstrated in 

several reports (Abolhassani et al., 2019; Jayaraj et al., 2016; Mortazavi et al., 2019; Nolan et al., 

2012). Due to their toxicity and persistence in the environment, there is an increased interest to 

utilize microorganisms in the bioremediation of HCH-contaminated sites (Benimeli et al., 2007; 

Phillips et al., 2005). However, the utilization of microorganisms for bioremediation requires an 

understanding of the biochemistry, physiology, molecular aspects, and ecology of the microbial 

system (Lal et al., 2010; Singh & Kuhad, 1999; Wick, 2020). This thesis, therefore, describes the 

isolation and characterization of two HCH-degrading Sphingobium species and an ascomycete 

fungus F. equiseti from HCH-contaminated soil collected from an obsolete pesticide store in 

Kitengela, Kenya. Subsequently, laboratory model systems were used to demonstrate the capacity 

of mycelia as transport networks for HCH isomers and improved HCH degradation facilitated by 

mycelial nutrients transfer to co-metabolically degrading bacteria. The implications of these 

findings are discussed in this final chapter and the recommendations for further research are 

proposed. 

6.1.1. Bacterial HCH degradation and analysis of lin genes 

The two bacterial strains identified as Sphingobium strain S6 and Sphingobium strain S8 were 

members of the Sphingomodaceae family and were closely related to S. quisquiliarum P25, a 

known HCH-degrading bacteria that was previously isolated from HCH dump site in India (Bala 

et al., 2010). Both isolates could degrade all four HCH isomers and also harbored lin genes highly 

similar to those described previously (Boltner et al., 2005; Lal et al., 2010; Nagata et al., 2007; 

Nayyar et al., 2014). The growing number of phylogenetically distinct HCH degrading 

sphingomonads isolated from polluted sites from diverse geographical locations demonstrates their 

remarkable adaptability for degradation of the contaminant (Boltner et al., 2005). The adaptation 

of Sphingomodaceae to the degradation of HCH and other recalcitrant compounds is not known, 

however, their unusual outer membrane composition has been proposed as one of the contributing 

factors (Boltner et al., 2005; White et al., 1996). Their outer membrane is thought to contain 
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glycosphingolipids in place of lipopolysaccharides (LPLs) which provides a highly hydrophobic 

surface that would facilitate the assimilation of hydrophobic compounds like HCH (Boltner et al., 

2005; Kawahara et al., 1999; White et al., 1996).  

Horizontal gene transfer of HCH catabolic genes (lin genes) facilitated by transposable elements 

is thought to be the other factor contributing to the adaptation of sphingomonads to HCH 

degradation (Boltner et al., 2005). The identification of highly conserved lin genes in different 

sphingomonads as in the present study is thought to imply the distribution of lin genes by frequent 

horizontal gene transfer (Boltner et al., 2005). The availability of a genome inventory for these 

organisms has enabled a comparative analysis of their genome architecture that would facilitate a 

deeper understanding of their biochemistry, physiology, and genetics (Nayyar & Lal, 2016). The 

isolation of the two Sphingobium species in this study coupled with the determination of their 

genome sequences would therefore add to the diversity of HCH degraders and that of lin genes 

which would aid in unraveling the molecular mechanism of degradation and bioremediation of the 

recalcitrant HCH. 

6.1.2. Impact of mycelial mediated transport of HCH 

The fungus identified as F. equiseti strain K3 is a non-white rot (non-WRF) fungus belonging to 

the division Ascomycota. The fungus could partially degrade HCH isomers conceivably by 

dechlorination and hydroxylation reaction. The synthetic lab microcosms revealed that the fungus 

could preferentially translocate HCH isomers in porous media in the order β ≈ δ < α < γ. Most 

research relating to the degradation of organochlorine pesticides has been focused on white rot 

fungi (WRF) because of their efficient enzyme system (Rigas et al., 2009; Shah et al., 1992; B. K. 

Singh & Kuhad, 1999, 2000). However, WRF are slow growing and need an oxygen-rich 

environment for their growth (Nagpal et al., 2008; Sagar & Singh, 2011). Therefore, to overcome 

the challenges associated with WRF, there is a growing interest in the search for non-WRF with 

HCH degradation capacity (Nagpal et al., 2008; Sagar & Singh, 2011).   

The degradation rates of organic contaminants are mostly dependent on their physicochemical 

properties and their accessibility to degrading organisms(Semple et al., 2003; Wick, 2020). 

However, organic contaminants tend to adsorb onto the mineral or soil organic matter by physical 

and/or chemical means once they enter the soil. The strong sorption of HCH onto soil particles 

may reduce its bioavailability and therefore influences its bioremediation efficiency (Chen et al., 
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2015). The microcosm model used in the present study demonstrates that active mycelia could act 

as a continuous for the translocation of the insoluble chemical over air-filled gaps. This property 

could have an impact on the bioavailability of HCH, particularly in water unsaturated 

environments lacking continuous water paths. Fungi are therefore better suited for bioremediation 

because they possess efficient extracellular enzyme systems for the degradation of organic 

contaminants (Nagpal et al., 2008; Sagar & Singh, 2011). In addition, their mycelial structures 

provide deeper penetration and a large surface area for absorption that can enhance the 

bioavailability of poorly soluble organic contaminants (Nagpal et al., 2008; Sagar & Singh, 2011). 

6.1.3. Impact of mycelial C-substrate transfer to HCH degrading Bacteria 

The synthetic microcosm system used in this study coupled with protein-SIP analysis 

demonstrated the incorporation of fungus-derived 13C-labelled substrates into bacterial proteins. 

The labeling of HCH catabolic enzymes (Lin B and Lin C) indicated the functional relevance of 

mycelial nutrient transfer to bacterial degradation of HCH. This was further demonstrated by the 

observed improved HCH degradation in presence of fungal-bacterial co-cultures. Previous reports 

have demonstrated improved degradation of certain contaminants using a combined fungal-

bacterial co-culture treatment compared to either, alone (Espinosa-Ortiz et al., 2021; Knudsen et 

al., 2013; Xu et al., 2007). The enhanced pollutant degradation is thought to result from increased 

enzyme production by one or both partners or secretion of secondary metabolites that promotes 

pollutant degradation by either of the partners (Espinosa-Ortiz et al., 2021). There is, however, 

increasing data that demonstrate the capacity of fungal mycelia to provide favorable microhabitats 

for bacteria through the exudation of carbonaceous compounds (Nazir et al., 2010; Worrich et al., 

2017; L. Zhang et al., 2016). This resource transfer has been shown to increase bacterial activity 

in harsh contaminated environments and is considered to be an effective strategy for microbial 

survival in hostile environments while simultaneously promoting contaminant degradation 

(Espinosa-Ortiz et al., 2021; Worrich et al., 2017, 2018). The utilization of fungal-bacterial 

systems for bioremediation could therefore lead to synergistic associations that would facilitate 

more efficient removal of organic contaminants such as HCH (Espinosa-Ortiz et al., 2021). 
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6.2. Conclusions 

i. The isolation of the two HCH-degrading Sphingobium species described in chapter 3 

further underpins the important role of Sphingomodaceae family in the degradation of 

HCH. In addition, the identification of highly conserved lin genes implies that they utilize 

a similar HCH catabolic pathway previously described in other sphingomonads. The 

characterization of the two bacteria coupled with the availability of their genome sequences 

would add valuable information on the diversity of HCH degraders and that of lin genes 

that would provide insights into the molecular mechanism of HCH degrading enzymes.  

ii. The isolated Fusarium species described in chapter 4 partially degraded all four HCH 

isomers and the metabolites identified suggest that the degradation process proceed by 

dechlorination and hydroxylation. The mycelial structures of the fungus were also 

demonstrated to translocate HCH isomers and the translocation process was influenced by 

the physicochemical properties of the individual isomers.    

iii. The presence of 13C-labeled bacterial peptides observed in chapter 5 indicated the 

incorporation of fungus-derived 13C-labelled substrates into bacterial proteins. In addition, 

the labeling of bacterial enzymes (LinB and LinC) involved in HCH degradation indicated 

the functional relevance of mycelial nutrient transfer to HCH degradation by bacteria. This 

was further indicated by the significant improved HCH degradation in presence of fungus 

and bacteria as compared to either bacteria or mycelia alone. These results, therefore, imply 

that mycosphere processes could play an important role in the development of 

biotechnological approaches for improved bioremediation of HCH. 

6.3. Recommendations 

i. The lin genes identified in the two Sphingobium species were highly conserved, however, 

LinB revealed a unique mutation at position 138. Therefore, additional studies on the 

degradation efficiency of this enzyme and the binding mechanism to its respective substrate 

through molecular cloning, protein expression, protein assays, protein modeling, and 

molecular docking are necessary.  

ii. Due to the failure in the identification of other degradation metabolites from the fungal 

culture, further research would be necessary to fully understand its degradation mechanism. 
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In addition, despite the observed HCH translocation along the mycelial structure, further 

research would be necessary to establish the effect of degradation on the transport process.  

iii. Finally, the observed improved bacterial activity and HCH degradation resulting from 

mycelial nutrient transfer need additional research to identify the specific fungal exudates 

that would support bacterial growth in the hyphosphere. Fungal-bacterial co-cultures can 

potentially be used to improve the bioremediation of HCH contaminated sites in Kenya 

through bioaugmentation. However, further research in actual soil environment is needed 

to establish potential bottlenecks and how to circumvent them.  
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 APPENDICES 

Appendix 1: Supplementary material for Chapter 3 

S1Materials and Methods   

Table S1: Polymerase chain reaction (PCR) primers used in the study.  

The PCR primers were previously described by Kumari et al. (2002) and were designed based on 

published lin gene sequences from Sphingobium japonicum UT26 and Sphingobium indicum 

B90A. 

Name Sequences (5’− 3’) 

linA-F GCGGATCCGCATGAGTGATCTAGACAGACTT 

linA-R GCCTCGAGTTATGCGCCGGACGGTGCGAAATG 

linB-F GCGGATCCGCATGAGCCTCGGCGCAAAGCCA 

linB-R GCCTCGAGTTATGCTGGGCGCAATCGCCGGAC 

linC-F GCGGATCCGCATGTCTGATTTGAGCGGC 

linC-R GCCTCGAGTCAGATCGCGGTAAAGCCGCCGTC 

linD-F GCGAATTCAATGAGCGCTGATACAGAA 

linD-R GCCTCGAGTTAGGCGTTGCTCAGGAGATGGAT 

linE-F AGGAATTCCATGATGCAACTGCCCGAA 

linE-R AGCTCGAGCTCAAATGACGATCGGATC 

linR-F TGGGATCCCCGTGAATATAGATGACCTGG 

linR-R GGGTCGACTCACACTCGCGCGGACAG 

linX-F GCGGATCCGCATGGCTAACAGACTCGCAGGCA 

linX-R GCCTCGAGTCAAACACCCACGGACCAGCCTCC 

IS6100-F CAATGCCAAAAGCTCTCTCC  

IS6100-R GGCTCTGTTGCAAAAATCG  
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S2Results 

S2.1 HCH degradation in liquid culture 

Table S2.1: Tables showing percentage residual HCH following bacterial degradation.  

HCH isomers Sphingobium sp. S6 Sphingobium sp. S8 Control 

α-HCH 98.1 ±8.7 99.5 ±6.5 1.7 ±5.7 

β-HCH 52.3 ±1.1 59.0 ±4.7 -1.5 ±3.7 

γ-HCH 99.1 ±4.0 99.9 ±6.1 -2.0 ±2.3 

δ-HCH 94.1 ±1.6 93.7 ±5.1 4.9 ±1.6 

 

S2.2 Multiple sequence alignment of lin genes 

 

Figure S2.2.1: Multiple sequence alignment of LinA from Sphingobium sp. strains (S6 and 

S8) and their homologues from known HCH-degrading bacteria. The LinA sequences and 

accession numbers are as follows: UT26S; S. japonicum UT26 (BAI9660.1), B90A; S. indicum 

B90A (APL95055.1), Sp+; S. francense Sp+ (AAU11089.2), Alpha1-2; Sphingobium sp. α1-

2 (CAI43920.1), Gamma16-1; Sphingobium sp. γ16-1 (CAI43919.1), S6; Sphingobium sp. 

Strain S6 (QGJ16213.1) and S8; Sphingobium sp. Strain S8 (QGJ16206.1). 
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Figure 2.2.2: Multiple sequence alignment of LinC from Sphingobium sp. strains (S6 and S8) 

and their homologues from known HCH-degrading bacteria. The LinC sequences and 

accession numbers are as follows: UT26S; S. japonicum UT26 (BAI95393.1), TKS; 

Sphingobium sp. TKS (AMK21445.1), NM05; Sphingomonas sp. NM05 (ABG77568.1), 

ITRC-5; P. aeruginosa ITRC-5 (ABP93367.1), S6; Sphingobium sp. Strain S6 (QGJ16215.1) 

and S8; Sphingobium sp. Strain S8 (QGJ16208.1). 
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Figure 2.2.3: Multiple sequence alignment of LinD from Sphingobium sp. strains (S6 and S8) 

and their homologues from known HCH-degrading bacteria. The LinD sequences and 

accession numbers are as follows: UT26S; S. japonicum UT26 (sp|D4Z909.1), ITRC-5; P. 

aeruginosa ITRC-5 (ABP93365.1), JQL45; Sphingobium sp. JQL45 (ABE03743.1), BHC-A; 

Sphingobium sp. BHC-A (ABE98170.1), HZ-1; Sphingobium sp. HZ-1 (ACV91874.1), S6; 

Sphingobium sp. Strain S6 (QGJ16216.1) and S8; Sphingobium sp. Strain S8 (QGJ16209.1). 
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Figure 2.2.4: Multiple sequence alignment of LinE from Sphingobium sp. strains (S6 and S8) 

and their homologues from known HCH-degrading bacteria. The LinE sequences and 

accession numbers are as follows: UT26S; S. japonicum UT26 (Q9WXE6.1), BHC-A; 

Sphingobium sp. BHC-A (ABD66585.1), NM05; Sphingomonas sp. NM05 (ABG77570.1), 

ITRC-5; P. aeruginosa ITRC-5 (ABP93364.1), HZ-1; Sphingobium sp. HZ-1 (ACV91875.1), 

S6; Sphingobium sp. Strain S6 (QGJ16217.1) and S8; Sphingobium sp. Strain S8 

(QGJ16210.1). 

 

 



131 
 

 

Figure 2.2.5: Multiple sequence alignment of LinR from Sphingobium sp. strains (S6 and S8) 

and their homologues from known HCH-degrading bacteria. The LinR sequences and 

accession numbers are as follows: UT26S; S. japonicum UT26 (Q9ZN79.3), HZ-1; 

Sphingobium sp. HZ-1 (ACV91876.1), ITRC-5; P. aeruginosa ITRC-5 (ABP93363.1), IP26; 

S. chinhatense IP26 (EPR17852.1), LL03; S. baderi LL03 (EQA99717.1), S6; Sphingobium 

sp. Strain S6 (QGJ16218.1) and S8; Sphingobium sp. Strain S8 (QGJ16211.1). 
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Appendix 2: Supplementary material for Chapter 5 

S1. Materials and Methods 

S1.2.2 Protein-SIP analysis using LC-MS/MS 

Peptides were analyzed by LC-MS/MS as described before (Sachsenberg et al., 2015). After 

tryptic digestion of the samples, the resulting peptides were subjected to a shotgun proteomics 

workflow (nanoLC-MS/MS). Briefly, peptide lysate was injected into a nanoLC system 

(UltiMate 3000, Dionex, Thermo Fisher Scientific). Peptides were first trapped for 3 min on a 

C18-reverse phase trapping column (Acclaim PepMap® 100, 75 µm x 2 cm, particle size 3 µM, 

nanoViper, Thermo Fisher Scientific), followed by separation on a C18-reverse phase 

analytical column (Acclaim PepMap® 100, 75 µm x 25 cm, particle size 3 µM, nanoViper, 

Thermo Fisher Scientific) using a two-step gradient (90 min from 4 % to 30% B, then 30 min 

from 30% to 55% B; A: 0.1% formic acid in MS-grade water; B: 80% acetonitrile, 0.1% formic 

acid in MS-grade water) with a solvent flow-rate of 300 nL/min and a column temperature of 

35°C. Eluting peptides were ionized by a nano ion source (Advion, TriVersa Nanomate, Ithaca, 

NY, USA) and analyzed at the Q Exactive HF mass spectrometer (Thermo Fisher Scientific) 

with the following settings: MS resolution 120,000, MS automatic gain control (AGC) target 

3,000,000 ions, maximum injection time for MS 80 ms, intensity threshold for MS/MS of 

17,000 ions, dynamic exclusion 30 sec, TopN=20, isolation window 1.6 m/z, MS/MS 

resolution 15,000, MS/MS AGC target 50,000 ions, maximum injection time for MS/MS 

120 ms. 

S1.1 Microcosm set-ups 

 

 

Figure S1.1: Top view of the HCH degradation microcosm set-ups showing the position of the 

activated carbon included in the experiment. 
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S2.3 Estimation of HCH degradation efficiency 

To account for possible variations of the amounts of the four HCH isomer added (e.g., due to 

volatilization of the isomers), the amounts of the individual isomers recovered immediately 

after application onto patch 2 were taken as the initial amounts of HCH (At0). Subsequently, 

HCH amounts (Adeg, t10), and the residual (Fres, t10) and degraded fractions (Fdeg, t10) of added 

HCH after 10 d were derived from equations eqs. S1– 4. At10 is the residual amounts of HCH, 

Aabiotic, t10 the residual HCH amounts in the abiotic control, AP1, t10 or P2, t10 or P3, t10 the residual 

HCH amounts on patches 1, 2 or 3, and AAC, t10 the residual HCH amount on activated charcoal. 

Aair, t10 is the HCH amount lost by volatilization after 10 days and Fair, t10 (%) the corresponding 

fraction of HCH lost by volatilization (cf. Tables S2.3.1- S2.3.4 & Table S2.4)-. 

At10  = AP1,t10 + AP2,t10 + AP3,t10 + AAC,t10     eq. S1 

Adeg, t10 = Aabiotic, t10 – At10       eq. S2 

Fdeg,t10 (%) = (Adeg,t10/Aabiotic,t10) *100       eq. S3 

Fres, t10 (%) = (At10 / Aabiotic, t10) *100      eq. S4 

Aair, t10 = Aabiotic, t10 – At0       eq. S5 

Fair, t10 (%) = (Aair, t10/At0) *100       eq. S6 

 
















